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Preface
This publication comprises the proceedings of the conference ‘The Restoration of Wooded
Landscapes’, held at Heriot Watt University in September 2000. The principle aim of the conference
was to bring together researchers, practitioners and policymakers to allow a full and free exchange of
views, information and ideas on the theme of native woodland restoration at the landscape scale
(areas in excess of 1 km2). This includes creating new native woodland, restoring planted ancient
woodland, and expanding existing native woodlands.
There are currently a large number of initiatives throughout Britain concerned with the restoration of
wooded landscapes. Increasing resources are being channelled into woodland restoration, and
partnerships of private and public organisations and individuals are becoming larger and ever more
complex. The recently published Habitat Action Plans for native woodlands require a strategic
approach to the design and implementation of restoration schemes at the landscape scale and, in
particular, the creation of woodland habitat networks. There are a number of gaps in the information
required to undertake such a strategic approach, and indeed the approach itself has been questioned.
In many respects the pace of restoration has been such that the science has often been struggling to
keep up with practice, and there has been a lack of specific guidance and synthesis of current
knowledge. Questions have arisen such as:
• What do we want, ecologically or socially driven restoration, or both?
• What is favourable ecological condition, i.e. how do we monitor progress, and how do we
measure success?
• What should be the balance between woodland restoration and expansion?
• Do we have the appropriate tools for designing new landscapes?
Given these uncertainties, landscape scale restoration has been approached from a variety of
perspectives including not only ecological aspects, but also economic and social issues. The strengths
and weaknesses of these different approaches need to be evaluated in order to improve guidance
available to planners and managers.
This publication aims to:
• Synthesise current knowledge relating to the ecology of wooded landscapes and design of
new woodland areas.
• Illustrate, through case studies, how ecological knowledge has been applied to the design and
management of native woodland restoration schemes, the identification of opportunities and
constraints, and the evaluation of ecological and economic costs and benefits.
The publication is aimed at woodland managers, planners and policymakers concerned with the
restoration of native woodland at the landscape scale. A number of the chapters reviewing the main
themes in the field of landscape ecology will be of interest to applied ecologists and researchers.
There are three main sections. Section One: Introduction and context reviews current international and
UK forestry policies and incentives and how they relate to the delivery of woodland habitat restoration
targets (Chapter 1). Restoration activities within the UK are placed within the international context
and ways of prioritising restoration at the regional and country levels are discussed (Chapter 2).
In Section Two: Research and modelling tools there is a review (Chapter 3) of the latest research on
species colonisation processes within wooded landscapes, looking critically at the concept of habitat
networks and landscape linkages. Chapter 4 describes research into natural regeneration processes on
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restored woodland sites, whilst Chapters 5, 6 and 7 demonstrate a range of new GIS-based tools of
use in the design and planning of landscape scale restoration
Section Three: National and regional planning focuses on strategic planning of restoration at the
regional scale either by large owners (Chapters 11 and 12) or at the country level (Chapters 8, 9 and
10). Chapter 13 puts forward an argument for focusing restoration effort on degraded ancient
woodland sites rather than the development of habitat networks and linkages at the landscape scale.
Section Four: Local case studies are all about practical implementation, with Chapters 14–17 showing
how science and policy are translated into action on the ground. The problems associated with
implementing large-scale restoration schemes are described together with some of the valuable
lessons learned.
Section 5: Conclusions comprises of Chapter 18 which attempts to synthesise the main problems and
issues relating to woodland restoration at the landscape scale as highlighted in the preceding
chapters.

Jonathan Humphrey
Adrian Newton
December 2001
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CHAPTER 1

The UK policy context
Tim Rollinson
Introduction
Over many thousands of years, we in the UK cleared almost all of our natural woodland cover. Our
forests helped to fuel our economic development and satisfy the demands of an increasing population
for timber, fuel and farm land. But we paid a price; at the beginning of the 20th century woodlands in
the UK covered just 5% of the land area, and little of this resembled the natural woodland cover. In the
past century a million hectares of land was reforested, increasing our forest cover to over 10%. This was
a substantial achievement. Throughout this period, we have had to address the challenges of
rehabilitating and restoring our woodlands and forests. Our new forests are very different from what we
know of our lost natural woodlands, but they have put woodland back on the map. We are improving
them and, at the beginning of the 21st century, we can hand on a bigger woodland legacy to the next
generation. A further challenge is to make sure that it is also a better, and truly sustainable, legacy.

The global background
In 1992 the world’s leaders committed themselves to sustainable development at the United Nations
Conference on Environment and Development known as the Earth Summit (UNCED, 1992). The
conference produced the first global agreement on how the world’s forests should be managed in
the Statement of Forest Principles. Since the Earth Summit, the UK and other European governments
have built on the Rio Forest Principles and are committed to implementing:
• The guidelines for the sustainable management of forests in Europe – agreed at Helsinki in 1993
(Ministerial Conference on the Protection of Forests in Europe, 1993).
• The guidelines for the conservation of the biodiversity of European forests – also agreed at Helsinki
(Ministerial Conference on the Protection of Forests in Europe, 1993).
• The declaration and resolutions of the pan european ministerial conference on the protection of
forests in Europe – agreed at Lisbon in 1998 (Ministerial Conference on the Protection of
Forests in Europe, 1998).
The Helsinki Guidelines interpreted the Rio Principles for European conditions and articulated the
common concern of European countries to manage their forests sustainably. Through the Lisbon
declaration, countries gave further recognition to the social and cultural importance of forestry in
Europe. These international agreements are an expression of world-wide interest in sustainable
forestry. Following their adoption, European countries, including the UK, have agreed a range of
criteria for defining sustainable forest management and indicators for measuring progress towards it.

Sustainable forestry in the UK
Sustainable forestry is one component of the UK Government’s wider commitment to sustainable
development. In 1999, the Government published A better quality of life: a strategy for sustainable
development in the UK (Anon., 1999). The Strategy confirmed that the Government’s approach to
sustainable forestry is based on: better management of existing forests; the continuing expansion of
the woodland area; and conservation of natural capital – biodiversity, air, soil and water. Defining
sustainable forest management is complex. It results from the interaction of the three functions of
forests – economic, social and environmental, as represented in Figure 1.1.
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Biodiversity and the other environmental values of forests must be balanced with economic and social
values in decisions about sustainable forestry. While the remnant ancient and semi-natural woodlands
are the best overall for biodiversity, our maturing and restructured planted forests have an increasingly
important role to play in the UK. Indeed, over the past 20 years, there has been unprecedented
interest in the management and restoration of all types of woodlands and their biodiversity. Table 1.1
gives examples of some of the policy and practice initiatives that have been introduced.

Year

Initiative

Table 1.1

1985
1989
1994

Government broadleaves policy introduced
Native pinewood scheme launched
Guides for management of semi-natural
woodlands published
Habitat and species action plans published
UK forestry standard published
Scheme to create new native woodlands in
national parks launched

Some policy and practice initiatives relating

1996–8
1998
1999

to woodlands.

The UK forestry standard
A cornerstone of the Government’s commitment to sustainable forest management is the UK forestry
standard, published in 1998 (Forestry Commission., 1998). The standard provides a single, comprehensive
statement of the Government’s approach to sustainable forestry in the UK. It explains how the principles
of sustainability will be delivered in practice and lists the criteria and indicators for the sustainable
management of all forests in the UK. The standard includes guidance on a range of forest management
practices including new woodland creation, new native woodland creation, felling and restocking
planted woodland, managing semi-natural woodland, and planting and managing small woods.

The UK Biodiversity Action Plan and forestry
The Government published Biodiversity: the UK action plan (UKBAP) in 1994 (Anon., 1994). The
overall goal is to ‘conserve and enhance biological diversity within the UK and to contribute to the
conservation of global biodiversity through all appropriate mechanisms’. The emphasis is on
partnership between public and private sector and NGOs at local, regional and national levels, and
across sectors. The UKBAP lays emphasis on integrating biodiversity conservation measures into all
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sectors of economic activity so that it becomes part of sustainable development. In addition priority
species and habitats have been defined and are subject to multi-agency and cross-sectoral action
plans. The focus of attention has now shifted to implementation of the Biodiversity Action Plan
targets throughout the UK (Anon., 1995).

Delivery
The development and publication of the UK forestry standard and Biodiversity: the UK action plan,
together with the introduction of a range of schemes and incentives to encourage delivery on the
ground, has resulted in a very substantial increase in the creation of new native woodlands in the UK.
The increased planting of new broadleaved woodland during 1978–2000, most of which has been
with native species, is shown in Figure 1.2 while Figure 1.3 shows the increase in the creation of new
native pinewoods in the Scottish Highlands since 1990.
While the focus of action has often been at the individual forest level, the emphasis now is shifting
to how woodlands can be linked to form habitat networks. The key delivery mechanisms are set out
in Table 1.2.
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Mechanism

Initiative

Table 1.2

Research &
Inventory

To provide an informed basis for delivery

Key delivery mechanisms for habitat

Standards

To set the requirements for good forestry
practice

Guidance

To encourage adoption of best practice

Regulations

To protect the environment and control
potentially damaging operations

Incentives

To encourage adoption of new programmes

networks.

Working together
Real progress has been made in recent years in delivering a range of policies for woodland
restoration. We have learned that the greatest progress will be made where research, policy,
regulation, incentives, and published guidance are made to work together effectively. This requires:
a shared understanding of the issues and barriers to progress, flexibility of approach to accommodate
the needs of many stakeholders, resources to deliver desirable programmes and a more ‘joined-up’
approach with stakeholders working together and not solely to their own agendas.
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CHAPTER 2

Restoration of wooded landscapes: placing UK
initiatives in a global context
Adrian Newton and Valerie Kapos
Summary
Current initiatives in the UK focusing on the restoration of wooded landscapes can be viewed as part
of a global effort for improving the conservation status and habitat value of forest ecosystems. In
response to the high rates of forest loss and degradation experienced in many parts of the world, a
large number of forest restoration projects have been initiated, supported by international policy
commitments such as the Convention on Biological Diversity (CBD). In order to ensure that the
resources available for restoration are being focused effectively, methods are needed for setting
priorities at global and regional as well as local scales. Here we describe how such priorities might be
defined, with reference to available information on global forest cover and through a case study
undertaken for the Mediterranean region. We highlight the need for information about the current
distribution of restoration projects in order to assess whether current activities are adequately
addressing restoration priorities. Although woodland restoration efforts in the UK may make only a
minor contribution to conservation of global biodiversity, the techniques and approaches being
developed will be applicable in many other areas. Experience gained in the UK could therefore be of
high value in demonstrating how restoration of wooded landscapes can best be achieved in practice,
particularly in areas characterised by a high degree of forest loss and intensive patterns of land-use.

Introduction
The latest estimates of global deforestation produced by the Forestry and Agriculture Organisation
(FAO) suggest that approximately 13.5 million hectares of forest are being cleared each year, with
highest rates of loss being recorded in Africa and South America (FAO, 2001). These analyses suggest
that the main factor responsible for causing forest loss is conversion to agricultural land, including
pastures and shifting cultivation. Although forest cover in industrial countries is considered to be
roughly stable (FAO, 2001), this reflects the fact that losses of native forest cover in such countries are
being offset by establishment of commercial plantations, often of exotic species. In general,
plantation forests are considered to be of lower value as a habitat for native biodiversity than natural
forests (Groombridge and Jenkins, 2000) and, therefore, even in industrialised countries, the
availability of habitat for forest-dwelling organisms is declining.
Increasing awareness of the high rates of forest loss and widespread environmental degradation has
led to a growth of interest in both the science and practice of ecological restoration (Niering, 1997;
Dobson et al., 1997). The main aim of ecological restoration is to re-establish the key characteristics
of an ecosystem, such as composition, structure and function, which were present prior to
degradation (Jordan et al., 1987; Hobbs and Norton, 1996; Dobson et al., 1997; Higgs, 1997). It has
been suggested that ecological restoration is a crucial complement to the establishment of protected
areas for safeguarding biodiversity (Dobson et al., 1997), and it is anticipated that restoration will
become an increasingly central activity in environmental management in the future (Niering, 1997).
This aim of this chapter is to provide a global overview of forest restoration, to enable the many
woodland restoration initiatives currently being developed in the UK to be placed in a broader
context. Firstly, the global priorities for forest restoration are considered, with reference to relevant
international policy initiatives and the current status of forest resources. The contribution being made
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by restoration activities in different parts of the world towards meeting these global priorities is then
discussed. The methods by which restoration priorities may be developed at the regional scale are
subsequently illustrated by reference to an example from the Mediterranean region. Consideration is
then given to how such approaches might be applied to the UK to identify suitable sites for
woodland restoration. In addition, an assessment is presented of the contribution being made by
projects in the UK towards meeting global priorities for forest restoration.

Forest restoration: definitions and approaches
Efforts to develop a precise and workable definition of the term ‘restoration’ have been the cause of
some debate and controversy (Wyant et al., 1995), most notably among the membership of the
Society for Ecological Restoration (SER) (Higgs, 1997). Much of this debate has centred on whether
or not ecological restoration should seek to re-establish an ecosystem equivalent to some historical
state (Atkinson, 1994; Jordan, 1994; Higgs, 1997). The problem of defining restoration objectives in
this way results from the widespread difficulty in defining such a state with precision (Hobbs and
Norton, 1996; Palmer et al., 1997), because of the lack of historical information or appropriate
modern analogues. In addition, cultural values of nature and the views of different stakeholders have
increasingly been incorporated into restoration objectives (Adams, 1996; Higgs, 1997). Further
debate has focused on precisely what should be restored, and therefore how the success of a
restoration project might be measured. Apart from ‘emulating the structure, function, diversity and
dynamics of the specified ecosystem’ (Higgs, 1997), it has been proposed that the objective of
restoration should be ‘renewal of ecosystem health’ (Higgs, 1997) or ‘assisting the recovery and
management of ecological integrity’ (Society for Ecological Restoration, 1997).
A detailed discussion of the relative merits of different definitions of ecological restoration is beyond
the scope of this chapter. However, in a review of current woodland restoration projects in Scotland,
Newton et al. (2001) suggested that because of the long history of human impact on Scottish forests,
restoration of a historical state will rarely if ever be achievable, and therefore the explicit aim of
restoration projects should simply be to provide an improved habitat for wildlife. This pragmatic
objective has the advantage of enabling progress to be evaluated relatively easily. Given such an
objective, ecological restoration can be most readily achieved by recreating native woodland cover in
areas that have been completely deforested, or by rehabilitating degraded forest ecosystems.
Although it may be useful to differentiate between these two approaches (Housden, 1997), in
practice, many projects include elements of both (Newton et al., 2001), and therefore both are
included in the concept of ecological restoration adopted here. It should be noted, however, that the
terms ‘restoration’, ‘recreation’ and ‘rehabilitation’ have previously been used in different ways by
different authors.
One issue that has been raised in the literature is whether conventional (i.e. monospecific) plantation
forestry constitutes a form of ecological restoration. The current global rate of plantation
establishment is around 4.5 million ha per year, with some 30 million ha of plantations successfully
established during the 1990s, half of which constitute reforestation of previously forested lands (FAO,
2001). Although, as noted earlier, plantation forests are generally considered to be of lower value
than natural forests as wildlife habitat (Groombridge and Jenkins, 2000), particularly where they are
composed of exotic rather than native tree species (Newton and Humphrey, 1997), plantations can at
least in some situations be of significant habitat value (Humphrey et al., 2000). For example, since
the late 1980s, a major programme of forest restoration has been undertaken in the Lower Mississippi
Alluvial Valley, with the aim of restoring ‘bottomland hardwood’ forests. This area once supported the
largest expanse of forested wetlands in the USA and it is estimated that over 200 000 ha of forest
plantations will have been established by the end of the current decade (Stanturf et al., 2000). The
explicit aim of the programme is to improve wildlife habitat. However, afforestation in this area
generally involves establishment of native species in single-species plantations; it is anticipated that
other tree species will colonise naturally with time (Stanturf et al., 1998). It is recognised that many
of the area’s threatened species require diverse forests of complex structure as habitat (Stanturf et al.,
2000), and therefore the habitat value of these plantation forests would appear to be limited, at least
in the short term. The issue of whether plantations should be established at a density suitable for
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commercial harvesting has also attracted debate; such financial benefits might make restoration costeffective for private landowners (Stanturf et al., 1998; 2000). Analysis of the extent to which the
expanding global resource of plantation forests may provide a habitat for native species, and how
such forests might be managed to optimise their value as wildlife habitat, are areas worthy of
research attention.
Recent FAO analyses also highlight the fact that natural recolonisation of forest is occurring in many
industrialised countries following abandonment of agricultural land. This is particularly noticeable in
some countries within the Commonwealth of Independent States (CIS), including the Russian
Federation. In addition, analyses of remote sensing data indicate that some 1 million ha of
agricultural land revert to forest each year in tropical areas (FAO, 2001). Such figures suggest that
forest restoration is occurring naturally in at least some parts of the world, as a result of shifting
patterns of land-use. However, the overall global trend is a continuing decline in the area and quality
of forest habitat, and for this reason ecological restoration is an increasingly high priority.

Setting global priorities for forest restoration
The UN Convention on Biological Diversity (CBD), Article 8f, states that parties should ‘rehabilitate
and restore degraded ecosystems and promote the recovery of threatened species, through the
development and implementation of plans or other management strategies’. The Convention has
now been ratified by more than 180 countries, and therefore provides a global policy commitment in
support of ecological restoration activities. At the global level, the implementation of Article 8f is
being addressed by the CBD through the development of a thematic work programme, focusing on
identifying research and technological priorities and practical actions. At the national level, the
mechanisms by which the Convention might be implemented vary between different countries; in
the UK, this has involved the development of Biodiversity Action Plans which incorporate a number of
different restoration activities focusing on woodland habitats (Housden, 1997; Anon., 1995).
In order to develop a global strategy for restoration in support of the CBD, it is relevant to consider how
priorities for forest restoration might be identified most appropriately at the global scale. Given that
no such assessment has been undertaken previously, we present here a brief overview of how such
priorities might be defined, with particular reference to the criteria that could be used for their selection.
Potential of a given area to support forest cover
Logically, the most important criterion is whether a given area has the potential to support forest
cover. A comparison of current forest distribution with the earth’s original forest cover could
conceivably be used to identify those areas that have suffered the highest degree of forest loss, and
which could therefore be considered as priorities for restoration. In fact, it is difficult to estimate with
much precision the extent to which forest cover has been removed by human activity. The concept
of ‘original’ forest cover is itself imprecise; forest cover has been highly dynamic in many areas during
the Quaternary period and the effects of human impact are often very difficult to separate from other
factors such as climate change (Matthews et al., 2000). However, a number of attempts have been
made to describe the extent of potential forest cover in the absence of human intervention. For
example, in 1999, WWF-US produced a global map of major habitat types on the basis of their
ecological characteristics and associated climate (Matthews et al., 2000).
A map of potential forest cover has also been developed by UNEP-WCMC (Iremonger et al., 1997), to
illustrate the probable distribution of closed forest world-wide prior to the impact of agricultural
activity and subsequent to climatic recovery from the last ice age about 6 000–8 000 years ago (see
Figure 2.1). The map was compiled from seven potential vegetation datasets (Bohn and Katenina,
1994; Carnahan, 1989; Dinerstein et al., 1995; MacKinnon, 1996; Milanova and Kushlin, 1993; Olson
and Dinerstein 1998; White, 1983), which between them cover the globe. The forest vegetation
classes were selected from these maps, as a first approximation to global potential forest cover. The
resulting composite global map was generally similar to that produced by WWF-US, but with some
notable differences (for example, the area of potential forest in Africa suggested by the UNEP-WCMC
analysis was substantially higher than that estimated by WWF-US).
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UNEP-WCMC have also compiled a global map of current forest cover, at a nominal scale of
1:1 000 000 from a variety of national and regional sources, including remote sensing and other data
types (Iremonger et al., 1997). The potential forest cover may be usefully compared with current
forest cover, to identify those areas where deforestation has been most pronounced (Figure 2.1).
Such a comparison highlights the enormous forest losses that have occurred in north temperate
areas, including much of Europe and China, and also eastern USA. In the tropics, substantial areas of
forest have been cleared from SE Asia, sub-Saharan Africa, parts of Central America and northern
South America, and the Atlantic region of Brazil. These deforested areas could nominally support
forest again at some time in the future, and are therefore candidates for restoration activities.
Feasibility of restoration: regional variations
It is important to recognise that different regions vary with respect to the feasibility of restoration; this
could be considered as an additional criterion for identifying priorities. For example, areas under
intensive cultivation for food production are unlikely to be available for restoration of forest cover.
Thus a crude revision of the potential area for forest restoration (Figure 2.1) can be made by
subtracting the areas of the globe determined by Matthews (1983) to be intensively cultivated
(Figure 2.2). The resulting total area of more than 20 million km2 is still far higher than is actually
available for increasing forest cover. The estimate could be improved by using higher resolution landuse data that are now becoming available. In addition, the effects of soil degradation and climate
change need to be taken into account, together with urban development and other forms of
intensive land-use, to define with more precision those areas where forest restoration might be
feasible.
Extent and rate of loss of forest types
A more thorough analysis of forest loss and priorities for restoration would consider the extent and
rate of loss of different forest types. Although such analyses are complicated by the great variety of
forest classification systems in use world-wide, available data suggest that tropical montane forests are
undergoing the highest rates of clearance of any major forest type (Matthews et al., 2000). Moist and
dry tropical and sub-tropical forests are also undergoing high rates of loss and could therefore also be
considered as high priorities for restoration efforts.
Forest condition
However, it is not simply a decline in forest area that poses a threat to biodiversity, but a decline in
the ecological condition of forest ecosystems. The structure and composition of forest communities
may be modified by a variety of human impacts, such as road construction, timber extraction, fires,
and browsing by domestic animals. Forest condition could therefore be considered as an additional
criterion with respect to developing priorities for restoration; those forests that have suffered greater
degradation might be accorded higher priority. However, ecological condition is not necessarily easy
to define precisely or to measure. For example, attempts to assess forest ‘naturalness’, or the degree
of resemblance to conditions that would prevail in the absence of human intervention, have proved
very difficult to implement in practice (Matthews et al., 2000). Keddy and Drummond (1996) provide
a useful list of ecological properties that could be used to monitor the condition of deciduous forests,
including tree size and canopy composition, quantity and quality of coarse woody debris, and the
composition of the herbaceous ground flora, avian, fungal and carnivore communities. Other
measures of forest condition are perhaps more amenable to assessment at regional and global scales;
for example the extent to which forest habitats have been fragmented may be readily measured
using aerial photographs or remotely sensed data, analysed with GIS. Spatial analyses have also been
used to develop a ‘Wilderness Index’ based on remoteness from roads, settlement and intense landuse (Lesslie and Maslen, 1995). This method highlights areas exposed to human activity, which by
implication, could be considered as being of relatively high priority for restoration.
Conservation importance and contribution to global diversity
Another key issue is that forest areas differ in terms of their conservation importance, or their
contribution to global biodiversity. A number of different approaches to identifying priority areas for
conservation have been developed, and these could similarly be applied to identifying priorities for
restoration. For example, WWF-US developed a ‘Global 200’ categorisation of the world’s most
important ecoregions from a conservation perspective (Olson and Dinerstein, 1998). Some two-thirds
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A first approximation of the global area available for forest restoration based on the potentially forested area no longer supporting forest cover (shown in Figure 2.1) and excluding areas under
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Restoration of
wooded landscapes:
placing UK initiatives
in a global context

Figure 2.2

2

12

of the ecoregions identified are classified as forest. BirdLife International has identified 218 endemic
bird areas (EBAs) worldwide; these are areas of particular importance for bird species with restricted
ranges (Stattersfield et al., 1998). Some 83% of EBAs occur in forested areas. Similarly, WWF and
IUCN have identified 234 centres of plant diversity worldwide (WWF and IUCN, 1994); about 80% of
these are found in forests. Each of these measures highlights the conservation importance of different
forest areas; they could be used either individually or in combination as selection criteria for
restoration.
Furthermore, the ecological functions that restored forests might serve, such as biodiversity
preservation or water catchment protection, can provide additional criteria for prioritising target areas
for restoration programmes at many spatial scales.

Global distribution of forest restoration projects
Given the variation in the extent of forest loss and degradation in different parts of the world, and
the variation in the conservation importance of different forest types, it is relevant to consider the
global distribution of current forest restoration activities. Ideally, such activities would be focused on
those forest areas most in need of restoration but, as noted above, no comprehensive analysis of
restoration priorities has yet been undertaken.

Percentage of projects

Information on the current distribution of forest restoration initiatives is generally lacking. Although
there are now a number of scientific journals (such as Restoration Ecology and Ecological Restoration)
which disseminate information about different restoration projects, there is no central repository of
information or listing of restoration activities. It is therefore difficult to assess the geographic
distribution of current projects. To provide a preliminary overview of current activity, we undertook
an internet search (using a search engine, www.yahoo.com) using the keywords ‘forest restoration’,
and then visited the websites of the first 100 ‘hits’, restricting our assessment to those websites which
described an actual forest restoration programme currently in progress. This approach to sampling is
obviously biased: only a subset of restoration projects possess a website, and the use of these
keywords will inevitably restrict the sample to those projects which include these words on their
website. Unsurprisingly, most of the projects which were located using this method are being
undertaken in countries where the main language spoken is English (Figure 2.3).
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The NGO most active in forest restoration at the global scale is the World Wide Fund for Nature
(WWF), working in partnership with the International Union for the Conservation of Nature (IUCN –
www.iucn.org). The WWF/IUCN Forests for Life programme aims to ‘halt and reverse the loss and
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degradation of forest and all kinds of woodlands – particularly old growth forest – worldwide’
(WWF/IUCN, 1996). To achieve this, the programme has defined five key objectives, of which the
third relates explicitly to restoration, stating that WWF/IUCN will seek ‘to develop and implement
environmentally sound and socially equitable forest restoration programmes’. The strategy also notes:
the need for identification of areas where forest has disappeared and ecological restoration is both
needed and feasible; technical options for forest restoration; human needs dependent on forests and
their implication for restoration programmes; and calls for the introduction of appropriate forest
restoration projects (WWF/IUCN, 1996). Such projects have been initiated in the Lower Mekong
(China), Scotland, New Caledonia, the Mediterranean, Danube/Carpathians, Jhabua (India), and
throughout Central America. Most importantly, given the focus of this volume, WWF/IUCN are
increasingly recognising the critical importance of developing plans for forest restoration at the
landscape scale (M. Aldrich, personal communication).

Setting restoration priorities at the regional scale
More detailed approaches to prioritising restoration efforts can be developed at regional scales.
Enhanced criteria are needed for selecting high priority sites. As an illustration of how such criteria
may be developed, we describe here a case study of the Mediterranean region undertaken for WWF
International (WCMC, 2000). To our knowledge, this is the first such study that has been carried out.
It is described here to illustrate the methods by which similar analyses might be applied in other
regions, such as northern Europe.
The objective of this case study was to define broad areas or landscapes that could form a focus for
forest restoration activities. The aim was therefore to develop a decision-making tool for prioritising
restoration activities at the regional level, rather than guiding activities at the site level. Selecting from
the many ecological and social criteria that could potentially be used to identify priority areas for
restoration depends on the precise objectives of the restoration programme. For example, criteria
used for locating projects with objectives focusing on biodiversity conservation may be very different
from those for projects with timber production, protection of water catchments or prevention of
desertification as the main objectives. In addition, the selection of criteria is constrained by the
availability, resolution and quality of data.
For this study, which assumed a principal focus on biodiversity conservation, five criteria were
selected for defining priority areas for restoration at the regional level (Table 2.1). These criteria focus
on locating areas which were once forested but are now largely unforested (Figure 2.4), and
characterised by low population density. Additional criteria focus on the assumption that restoration
projects are most likely to be successful, at least in conservation terms, if they are located near to
remaining woodland areas, particularly those rich in biodiversity (Table 2.1). A Geographical
Information System (GIS) was used to define priority areas according to these criteria, by applying
each criterion consecutively and by subtracting areas not considered to have potential for restoration
at each step. The composite map produced as a result of this process (Figure 2.5) represents a first
attempt to identify priority areas for forest restoration for the Mediterranean region. Such an analysis
could usefully be compared with the location of existing projects to identify priority areas for future
restoration initiatives.
Of the area included in the Mediterranean analysis, approximately 15 million km2 may once have
supported forest but no longer do so. Although this area might therefore be appropriate for forest
restoration, conflicting demands on the land and biological and climatic constraints limit the
feasibility of restoring forest in much of this area. Applying the criteria used in the GIS analysis has
made it possible to identify a relatively small fraction (just over 670 000 km2) of this enormous area as
being of the highest potential for restoration. More detailed investigations of priority and feasibility
can realistically be conducted for this smaller area and the locations of proposed projects can be
evaluated against this criterion, among many others.
This example illustrates the value of GIS as a visual tool for prioritising areas for restoration efforts.
However, the selection of criteria for defining such sites is clearly of key importance. For example:
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Table 2.1

Selected candidate criteria for defining priority areas for forest restoration at a regional scale (from
WCMC, 2000)

Criteria

Critical assumptions

Justification for assumptions

1. Original
forest areas
which are
currently
unforested

Current forest areas are
not a high priority for
restoration; all areas
which once supported
forest but are now
deforested have potential
for forest restoration.

Where not already under active management, many
forest areas (defined as those with >30% canopy cover
and transitional forests with >10% canopy cover)
contain sufficient numbers of native species to be able to
revert to their natural state. In fact, many degraded
forests may be priorities for restoration, but there are
insufficient data on forest condition to be able to
distinguish them from, natural forests and forests
managed for other purposes.

2. Areas
containing
woodland
which are
currently
unforested

Areas outside continuous
forest, but containing
patches of woodland in
arable land and/or
grassland are suitable for
forest restoration.

Forest restoration is likely to be most feasible and
effective in areas where native woodland species are still
found, even if their distribution is highly fragmented.
Arable land and grassland with no residual woodlands
represent more intensive land-use, but could still be
restored.

3. Areas of
low
population
density

Areas of high population
density (>800 persons
per km2 for the
Mediterranean region)
are unsuitable for forest
restoration.

In many countries there is a close correlation between
population density and pressure on natural resources
(e.g. for non-timber forest products and firewood),
reducing the possibilities for successful restoration in
areas of high population density. In the developed
countries of the Mediterranean region, this correlation is
weakened by lack of dependence on local forest
resources. However the threshold population density has
been raised to limit the extent of excluded areas.

4. Areas in
close
proximity
to forests

Areas immediately
adjacent to existing
forests and <1 km from
the forest boundary are
priorities for restoration.

In addition to the importance of proximity to reservoirs
of native species, restoration efforts are likely to be
focused around existing forests due to site suitability,
and planning constraints on other lands.

5. Areas
rich in
biodiversity

The principal purpose of
forest restoration is to
conserve biodiversity;
areas rich in forest
biodiversity are therefore
priorities for forest
restoration.

Restored forests may have other benefits, such as
protection of watersheds or even (limited) production of
timber. However, other managed forests can offer these
benefits more cost-effectively, while being less suited to
biodiversity conservation, so restoration efforts should be
focused on areas of high biodiversity importance.

1. Rather than focus on areas close to existing forest areas, could it be argued that restoration is
most needed in areas where little native woodland remains (Newton and Ashmole, 1998)?
2. Should restoration focus more on areas most threatened by human activities, or areas where
such pressures are less intense?
3. Should projects focus on rehabilitation or recreation of forest areas?
4. Should efforts be concentrated on linking fragmented forests or increasing the core area of
remaining fragments?
The answers to such questions will obviously differ, depending on the precise objectives of the
restoration programme in question, and the resources available. Additional criteria that may also need
to be considered in setting restoration priorities include the legal status of forest areas, forest type
and ecological characteristics, land tenure, historical land-use patterns, the extent of soil degradation,
the condition of remaining forest, and socio-economic factors (such as the value of alternative landuses). Potentially, data on such aspects could be incorporated into a GIS to assist the decision-making
process, enabling the outcomes of selecting different criteria to be compared. Additional tools, such
as decision trees or optimisation methods, could be linked to the GIS to assist the decision-making
process (Kersten et al., 2000).
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The approach described above for setting regional priorities could also be used for identifying suitable
locations for restoration projects at the national or sub-national level. To date, no such analysis has
been undertaken in the UK (Ferris and Purdy, 1999; Towers, 1999), although it would be of value for
developing a coherent national strategy for woodland restoration. At present, woodland restoration
projects in the UK are largely undertaken on an opportunistic basis, with little reference to any overall
strategy (Newton et al., 2001). Consideration of restoration of wooded landscapes in a regional or
even global context would assist the development of such a strategy.

The contribution of the UK to global restoration efforts
The forests of the UK could be considered to be of minor importance in terms of their contribution to
global biodiversity. The UK is characterised by a high degree of forest loss that has occurred over
many millennia, in sharp contrast to the rapid deforestation that has occurred in many tropical
countries in recent decades. The diversity of species associated with woodlands in the UK is relatively
low compared to those of neighbouring continental areas, as a result of its distinctive post-glacial
history. However, the UK does possess woodland types of at least regional significance in terms of
their conservation value for example the native pinewoods of Scotland and the oakwoods of the
Atlantic seaboard (Newton and Humphrey, 1997; Peterken, 1996).
Woodland restoration initiatives in the UK face a number of particular challenges. Firstly, as noted
above, the remaining extent of forest cover is very low, which can act as a significant constraint to
restoration efforts, for example by limiting the availability of locally adapted germplasm or sources of
potential colonists (Newton and Ashmole, 1998; Ennos, 1998; Ennos et al., 1998). Secondly, those
native woodlands that do remain have been substantially affected by the impacts of human activity
over a prolonged period, extending over centuries if not millennia (Peterken, 1996). This greatly
complicates the definition of restoration objectives, and also limits the understanding of ecological
processes in native woodland communities. For example, it is impossible to define with precision the
characteristics of disturbance regimes prevalent in UK forests prior to human impact, and their
relationship to the composition, structure and function of woodland communities (Newton et al.,
2001; Peterken, 1996). Thirdly, the UK is a populous country, particularly in the south-east of England.
This has resulted in intensive patterns of land-use, leaving little scope for the expansion of native
woodland areas without impinging on alternative land-uses and economic activities. These characteristics
contrast markedly with areas such as the eastern United States, where forest has recovered naturally
over extensive areas following abandonment of farmland in the late 19th century (Peterken, 1996).
Considered from a global perspective, woodland restoration projects in the UK play an important role
in demonstrating the challenges of undertaking restoration in disturbed and degraded habitat in
areas of intensive land-use. Potentially, experience in the UK could also provide a valuable
demonstration of how such challenges can be overcome. Woodland restoration projects in the UK
tend to be characterised by a high degree of collaboration between both governmental and nongovernmental organisations (NGOs). A supportive environment policy and the availability of financial
support (for example through the National lottery) have also been crucial factors in encouraging the
rapid growth of interest in native woodland restoration in recent years (Newton and Humphrey,
1997; Newton et al., 2001). Restoration initiatives in the UK could also be of value in demonstrating
how best practice might be achieved, given the relatively high level of technical skills and access to
resources that exist in this country, as illustrated by other contributions to this Technical Paper.
Conversely, the experiences of restoration projects in the UK also demonstrate how difficult it can be
to overcome some of these challenges, and the high expense involved. The UK is host to an
increasing number of overseas visitors interested in learning how woodland restoration can be
achieved in practice. For example, during 2000 the Society for Ecological Restoration held its first
international conference in this country, and a delegation of international visitors took the
opportunity to visit a number of different restoration projects in progress. One of the most potent
lessons for visitors is how difficult it can be to replace forest ecosystems once they have been lost.
Hopefully, such experiences will encourage the effective conservation of the forests that remain,
reducing the need for restoration in the future.
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Conclusions
The need for forest restoration has been identified by a number of global initiatives, as a key activity
for reversing the trend of forest loss and improving biodiversity conservation. These initiatives include
the Convention on Biological Diversity (CBD) and the international forest processes (IPF and IFF). A
large number of NGOs, government departments, research institutes and private sector companies
are involved in forest restoration initiatives throughout the world. At present, such activities are
largely undertaken in an opportunistic manner, rather than as a contribution to an overall strategy.
Priorities for forest restoration therefore need to be developed at both global and regional scales in
order to ensure that resources are being focused effectively on those forest areas most in need of
restoration.
Although a number of preliminary suggestions are presented here, further research is clearly required
to define how global and regional priorities for forest restoration might be defined most
appropriately. In addition, there is a need to assess the distribution of restoration projects, in order to
determine whether current activities are adequately addressing restoration priorities. At present, there
is no central repository of information on the distribution and characteristics of forest restoration
projects to provide guidance for focusing future restoration efforts. The Forest and Drylands
Programme of UNEP-WCMC is therefore developing an open access, on-line database of forest
restoration projects that will facilitate exchange of knowledge and experience among projects,
provide a basis for analysis of existing projects, and thereby improve prioritisation, design and
execution of future restoration efforts.
Current restoration activities in the UK can therefore be viewed as part of a global effort for
improving the conservation status and habitat value of forest ecosystems. It is probable that
woodland restoration efforts in the UK will only ever have a minor impact on conservation of
biodiversity worldwide. However, the approaches and techniques for forest restoration being
developed in the UK could be readily applicable in other parts of the world, and experience gained in
the UK is already proving valuable for demonstrating how the challenges facing restoration efforts
world-wide can be overcome.
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CHAPTER 3

The processes of species colonisation in wooded
landscapes: a review of principles
Paul M. Dolman and Robert J. Fuller
Summary
We review theoretical and empirical aspects of species dispersal and colonisation in relation to the
creation of new native woodlands in Britain. The relevance of the ‘meta-population’ concept and the
usefulness of linkage and movement corridors are questioned. Empirical evidence suggests that
detrimental edge effects may have major consequences for the long-term conservation potential of
re-created woodland. We argue that maximising woodland size and contiguity, in order to increase
the core area and decrease the proportion of habitat close to external edges, should be a higher
priority within restoration plans than the creation of corridors between isolated woods. Nonetheless,
the ecological importance of habitat mosaics and long-established woodland edges needs to be
recognised. Many specialist woodland species will take a very long time to colonise newly created
woodlands. This is due to specialist habitat requirements, slow development of suitable habitat within
recipient sites, and dispersal ability that may be intrinsically limited. Because of this, core areas should
be concentrated around existing remnants of ancient and semi-natural woodland. Key areas for future
research relevant to the colonisation and persistence of populations in restored woodlands include
responses of different taxa to edges and the processes of species-specific dispersal.

Introduction
Man has depleted Britain of much of its native woodland over a long historical period. The recreation
of native woodland, which we define simply as woodland composed of native tree species, is therefore
a laudable conservation aim. However, the re-creation of woodland ecosystems, similar to those in
extant patches of native woodland, is likely to be an extremely slow process. In order for diverse
communities of woodland plants and animals to become established, species must be able to colonise
the wood and this requires that multiple conditions are fulfilled. We define ‘colonisation’ as a two-fold
process involving initial dispersal from a source population to the new wood and also the subsequent
development of a persistent and viable population. Many factors potentially influence the probability
of colonisation, including those operating at the scale of the surrounding landscape, others at the scale
of the wood itself and others that are intrinsic to the species (Fuller and Warren, 1991). This chapter:
(a) considers the empirical support for key aspects of theory concerning processes of species colonisation
and draws conclusions about the relevance of this theory to the re-creation of temperate wooded
landscapes, especially in Britain and (b) briefly reviews the dispersal ability of different woodland taxa.

Defining landscape structure
The nature of the regional landscape within which the new wood is located influences the availability
of a viable regional source population – a prerequisite for colonisation. Aspects of landscape structure
also have major consequences for the process of dispersal from the source population into the new
woodland, though this also depends on dispersal characteristics of the species itself. Clearly, for
successful establishment of dispersing individuals, a range of suitable macro- and microhabitats must
be available within the ‘new’ woodland; for some species associated with mature woodland this may
take many hundreds of years to develop. (A review of the significance and processes of habitat
development is beyond the scope of this chapter.) Population establishment may also depend on
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spatial structure within the woodland, as well as the context of the woodland within the surrounding
landscape. Finally, it is important to recognise that sources for dispersal may occur in pre-existing
woodland fragments within the matrix of the re-created forest. For these reasons, we consider the
landscape structure within the new woodland, as well as that of the surrounding regional landscape.
Landscape structure is a critical factor affecting species colonisation, therefore we start by defining its
components and outlining their ecological significance. In doing so we broadly follow the framework
of spatial processes provided by Dunning et al. (1992).
Landscape composition
This refers to the relative amounts of each habitat in the landscape. An important point to emerge
from modelling studies of landscape composition is the strong non-linearity of habitat area effects.
For example, simulations (e.g. Andrén, 1994; Bascompte and Solé, 1994) show that as the
proportion of suitable habitat decreases from initially high levels, patch size and contagion/isolation
show little change at first. However, once total habitat declines below a critical value, area and
isolation effects compound the effects of habitat loss. Similar ‘threshold’ responses have been found
in a number of species-specific studies. Models of capercaillie Tetrao urogallus populations in Sweden
suggest a strongly non-linear response of population density to the proportion of old boreal forest
retained in the landscape (Anglestam, 1992), while densities of American martens Martes americana
show a non-linear response to the proportion of non-forested landscape, being absent in landscapes
with >25% open ground (Hargis et al., 1999).
Patch size and contagion
The ‘grain size’ of habitat patches within complex mosaics may vary enormously. In the case of gap
dynamics, openings range from individual fallen trees within closed woodland to patches of many
hectares (Peterken, 1996). Species differ in how they ‘perceive’ or respond to a given landscape
grain, depending on the relative scale of their population structure and dispersal ability. For example,
a habitat ‘patch’ that supports an isolated population of a poorly dispersing invertebrate may
represent an individual territory within a local bird population, or a transient feeding patch within the
home range of an individual deer. Species with minimum area requirements may not persist in a
landscape in which suitable habitat is dispersed in patches that are too small; examples of area
thresholds for woodland birds are given by Hinsley et al. (1995). The degree of contagion of patches
of similar habitat (or conversely their isolation) may be important to ‘core’ species with limited
dispersal ability. In contrast, more mobile species may be able to use resources distributed across
isolated patches; for example the great spotted woodpecker Dendrocopos major readily flies over open
areas to exploit small scattered patches of deciduous trees. Decreasing patch size may also reduce the
quality of habitat through edge effects.
Landscape complementation through habitat juxtaposition
Species often derive differing non-substitutable resources from more than one habitat (Dunning et al.,
1992). For example, many saproxylic invertebrates that depend on deadwood also require nectar
resources during the adult stage (Kirby and Drake, 1993), while green woodpeckers Picus viridis
require mature trees for nesting and open ground for foraging. A number of bat species require
suitable nursery roosts located adjacent to a variety of foraging habitats that can provide food
resources throughout the breeding season and in different weather conditions (Duverge and Jones,
1994). In such cases, both the relative abundance and proximity of differing habitats will influence
habitat occupancy and population density. This may have consequences for regional persistence and
subsequent colonisation of new woods, but also for the design of the ‘core’ woodland.
Fractal landscapes
Theoretical and empirical treatments of landscape composition generally consider habitat patches as
homogeneous and mutually exclusive. In reality, landscape structure is nested in a hierarchy of scales
and may be ‘fractal’, i.e. patches and networks exist within patches. What we recognise depends on
the scale at which we look – differing patterns of patch boundaries, grain size, fractal dimension and
shape metrics emerge when a single habitat is analysed at coarser or finer resolution (Wiens, 1995;
Forman, 1995a). An example is developed in Figure 3.1. Such fractal complexity is likely to be of
critical importance to the establishment, persistence and dispersal of specialists within woodland.
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Figure 3.1

Illustration of how fractal landscapes may apply in a woodland context.
a. Forest blocks within landscape dark grey.
b. Open habitat within forest (e.g. grazed areas).
c. Large-scale patches with a higher frequency of windthrow due to topographic exposure.
d. Individual old trees surviving within regenerating windblown patch, and individual tree fall gaps
within nearby old growth.

a

b

c

d

Relevant theory of spatial population processes
Source-sink dynamics
Pulliam (1988) postulated that sub-populations occupying patches of habitat of differing quality may
give rise to source-sink dynamics. ‘Sinks’ are habitat patches where population productivity is
insufficient to balance mortality and their persistence depends on reinforcement by immigration of
individuals from nearby productive ‘source’ populations. Despite the intuitive appeal of this idea and
its frequent adoption as a guiding principle (e.g. Forman, 1995a), few convincing examples exist. In
particular, the definition of populations as ‘sinks’ implicitly assumes that they would become extinct if
cut off from the ‘source’ of immigrants. However, this ignores the potential for stabilisation at a lower
equilibrium density, as may occur for example with a compensatory density-dependent increase in
productivity (Watkinson and Sutherland,1995). Nonetheless, there are many examples of species
showing variation in birth and death rates in different habitats. A more generalised approach, that is
particularly relevant to animal populations, is given by Brown (1969). This emphasises the importance
of ‘sub-optimal’ habitats in increasing total population productivity and ‘buffering’ the core
population in the optimal habitat, thereby increasing both the total size and resilience of the
population.
Meta-population theory
A meta-population may be defined as consisting of a number of extinction-prone local populations,
occurring in discrete patches of suitable habitat. Regional persistence results from turnover of these
semi-isolated local populations, through area-dependent local extinction balanced by recolonisation
(Hanski, 1999). Meta-population theory has been canonised as a new paradigm in conservation
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biology, replacing controversial principles from island biogeography in guiding reserve design
(Hoopes and Harrison, 1998; Harrison and Bruna, 1999). But it is very important to realise that even
where the distribution of populations of a species, viewed at one snapshot in time, reveals a pattern
of occupied patches and unoccupied but otherwise apparently suitable patches (e.g. Opdam et al.,
1994), the regional population system is not necessarily a meta-population (e.g. Hinsley et al., 1994).
Applied uncritically, meta-population theory could lead to the conclusion that single isolated
populations are always doomed and costly strategies involving multiple connected reserves are always
necessary (Harrison, 1994). So what is the evidence for meta-population processes being important in
regional persistence, particularly in woodlands?
A review of empirical data suggests that few animal species persist via ‘patch turnover’ – the precarious
balance of extinction / recolonisation of discrete local populations. Those that do, tend to be species
that depend on ephemeral early-successional habitat, but have limited dispersal ability (Harrison,
1994). Examples include the pool frog Rana lessonae and a few butterflies (Harrison and Fahrig, 1995;
Hanski, 1999; Harrison and Bruna, 1999). In contrast, most species probably exist as either:
• ‘Patchy’ populations with local aggregations linked by continuous dispersal.
• Virtually or completely isolated populations showing long-term persistence; here, local
extinction is part of regional population decline, not a balanced meta-population process.
• A ‘mainland-island’ system with small ephemeral populations repeatedly re-established by
colonisation from nearby persistent large populations.
Consequently Harrison (1994) concluded that, to be useful, the meta-population concept should be
adopted in a broader and vaguer sense, as a regional set of spatially distributed populations between
which dispersal may or may not occur. This broader interpretation precludes simple generalities about
‘optimal’ conservation design.
Eriksson (1996) argues that an animal-oriented view has dominated attempts to formulate spatial
population models and provides a valuable review of regional-scale plant population dynamics. This
emphasises the importance of persistent local populations that survive long enough to bridge periods
of unfavourable habitat quality (such as may occur through successional development). Eriksson
defines this as ‘remnant population dynamics’, in contrast to examples of meta-population, or putative
source-sink, dynamics. Remnant population dynamics are particularly frequent among long-lived
plants with clonal propagation, such as aspen Populus tremula, bracken Pteridium aquilinum, bilberry
Vaccinium myrtillus and other ericaceous shrubs, and also among plants with extensive seedbanks.
Eriksson (1996) suggests that remnant population dynamics may be common in temperate and boreal
landscapes, as evidenced by the proportions of regional flora exhibiting clonal propagation and
persistent seedbanks. The finding by Honnay et al. (1999a; 1999b) that ‘species-relaxation’ (i.e. areadependent stochastic extinction) was of minor importance in explaining nested patterns of species
distributions of forest-core plant species in Flemish woodland fragments, supports the conclusion that
many such species have highly persistent populations, even where population size is small. Similarly,
Harding and Rose (1986) and Peterken (1993) provide evidence that some plant species with very
limited dispersal abilities will persist almost indefinitely in stable woodland environments.
In contrast, meta-population dynamics (both classic and mainland variants, as well as putative sourcesink systems) tend to be found in short-lived plants colonising small-scale disturbances (Eriksson,
1996). Similar dynamics may also occur in some other species that are dependent on withinwoodland dispersal between ephemeral habitats, such as basidiomycetes or mosses colonising
decaying logs and also in tree parasites such as mistletoe Loranthus europaeus (Herben et al., 1991;
Eriksson, 1996; Marren and Dickson, 2000).

Studies of habitat fragmentation
Many empirical and theoretical studies have addressed issues of habitat fragmentation. A number of
guiding principles have emerged for landscape design (Figure 3.2).
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Figure 3.2

Effects of landscape structure on population persistence (based on Harrison and Fahrig, 1995). The
probability of population persistence increases from left to right.

More habitat

Larger patches

Greater connectivity

In summary, more habitat is better than less, larger patches are better than smaller patches, and
greater connectivity is believed to further increase the conservation value of the landscape, facilitating
dispersal and reducing the probability of local extinction (e.g. Forman, 1995b; Harrison and Fahrig,
1995). These principles can be applied at varying scales. In terms of patches of forest within the
landscape they can be used to guide actions designed to favour regional persistence of populations
to act as a source for colonisation and to facilitate dispersal of individuals to the newly created ‘core’.
Within a forest they can be used to identify spatial structures and habitats likely to affect colonisation
from pre-existing internal refugia and the chance of colonists establishing persistent populations.
A caution is required in the context of habitat creation. Principles derived from studies focused on
mitigating species losses from habitats undergoing fragmentation may not be directly applicable in
reverse, i.e. to facilitating the colonisation of restored or recreated habitat.

Patch size and isolation
Studies of fragmentation have led to two major generalisations. Firstly, that small isolated fragments
retain fewer species than larger, less isolated fragments; secondly, that the species retained will not be
a random subset of the original species pool, but instead will have been filtered by ecological, life
history and functional attributes. A number of elegant studies have manipulated artificial patch
networks at micro- and mesocosm scales (e.g. experimentally fragmented patches of moss on rocks
and experimental patches of grassland), but effects of patchiness in such studies are largely
behavioural and would not necessarily translate to larger spatial scales (Harrison and Bruna, 1999).
Most of the rigorous studies of large-scale fragmentation have been conducted in neotropical forest
(e.g. review by Harrison and Bruna, 1999). These studies show that fragments tend to become
biologically impoverished, with a loss of specialists and retention or gain of generalists. Such
community modification can potentially alter key ecological processes such as pollination,
decomposition and nutrient cycling, seed dispersal and predation (Harrison and Bruna, 1999).
However, it is not clear to what extent conclusions from these studies hold for temperate and boreal
systems. Although relatively little work has been carried out on landscape-scale fragmentation in
temperate regions, both patch size and isolation have been shown to affect species richness of a
variety of animal taxa. Examples include birds in farmland woodlots in eastern England (Hinsley et al.,
1995), pine plantations in Spain (Diaz et al., 1998) and Dutch marshlands (Opdam et al., 1994),
habitat specialist butterflies in montane fens in Switzerland (Wettstein and Schmid, 1999) and
specialist heathland invertebrates in southern England (Hopkins and Webb, 1984; Webb, 1989).
In contrast, for temperate forest plants, landscape-scale studies suggest that many species are highly
persistent even in small fragments (see above) and species-area effects owe more to habitat
heterogeneity than differences in species density per unit area per se (e.g. Honnay et al., 1999a;
1999b). Consequently, in temperate regions even small, isolated forest remnants may retain
significant conservation value, while the cumulative species richness of small, geographically
separated woodlands may exceed that of a single large woodland of similar area.
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Edge effects
Fragmentation alters physical conditions and creates edges that differ in habitat quality to interiors.
There is much empirical evidence to support the conclusion that edge effects are key mechanisms in
both tropical and temperate forests (e.g. Murcia, 1995; Didham et al., 1996; Paton, 1994; McCollin,
1998). This leads to the ‘core area concept’ (Laurance and Yensen, 1991) and an emphasis on the
creation of large contiguous blocks of woodland rather than scattered woodland patches. The
mechanisms underlying deleterious edge effects may include increased predation and nest parasitism,
altered microclimates, altered habitat structures and in agricultural landscapes the penetration of
fertiliser and biocidal sprays (Andrén, 1995; McCollin, 1998; Honnay et al., 1999a). However, edge
effects are not always negative. In ‘cultural landscapes’ such as those of lowland England, many
edges at the interface of woodland and farmland and between semi-natural habitats are long
established and support rich communities of shrubs, trees, invertebrates and birds (Fuller and
Warren,1991).
To date there has been insufficient research to evaluate the magnitude of edge effects for different
taxa in varying types of temperate forests. A review by McCollin (1998) shows that in temperate
forests microclimate modification at forest edges may penetrate 20–60 metres, with effects on air
temperature, light intensity, relative humidity and vapour pressure deficit, litter moisture, and the
moisture and temperature of soils. Some preliminary conclusions regarding the consequence of edge
effects for woodland plants can be drawn from distributional patterns between woodlands. The
results of such studies from woodland fragments in Flanders (Honnay et al., 1999a; 1999b) and
southern Poland (Dzwonko and Loster, 1988; 1992) are scale-dependent, with little evidence for any
loss of ‘core’ vascular plants due to edge effects except in very small fragments. This suggests that,
for most woodland plants, deleterious influence of edges do not extend particularly far into
woodlands, and that fragments of only a few hectares may retain ‘core’ habitat. However, there are
indications that some species may be more sensitive to edge effects, particularly ferns that may be
detrimentally affected by reduced air humidity (Honnay et al., 1999b). In contrast, beneficial effects
of increased perimeter length (controlling for area) have been found for the species richness of some
plant groups, including woody species, lianas and others previously classified as being dependent on
‘edges and clearings’ (Honnay et al., 1999a). These conclusions remain tentative and should be
further explored by studies specifically designed to evaluate the consequences of edge effects in
different types of woodland.
Didham et al. (1996; 1998) show that various invertebrate functional groups may be particularly
susceptible to edge effects, at least in neotropical forest fragments. They found that both forest area
and proximity to edge affected species richness and population density of beetles. There is a need for
similar studies in temperate woodlands. In conclusion, it is likely that edge effects will reduce the
quality of much temperate woodland for specialist species, such as molluscs and epiphytes associated
with veteran trees growing in conditions of stable microclimate (Harding and Rose, 1986; Rose, 1993).

Movement corridors and connectivity
A major generalisation from studies of fragmentation is that between-patch movement can be a key
factor maintaining population persistence in habitat fragments. This perception has greatly influenced
management recommendations, leading to the ‘ideal’ of the connected landscape (e.g. Forman,
1995b; Potter, 1995). This can manifest itself in various ways. For instance , within farmland,
scattered woods may be linked by hedgerow networks, while within woods rides can provide
connectivity. Harrison and Bruna (1999) challenge this paradigm of ‘linkage’, pointing out the serious
mismatch between theory and evidence; although theory portrays fragmentation as a problem of
dispersal, empirical evidence suggests that edge effects and patch size are the overwhelming
problems for many species.
The literature concerning corridors contains much confusion and apparently opposing views. For
example, Harrison and Bruna (1999) conclude that ‘no evidence supports the proposition that
corridors can mitigate overall loss of habitat’ while Beier and Noss (1998) state that ‘it is safe to
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assume that a connected landscape is preferable to a fragmented landscape…. the evidence from
well-designed studies suggests that corridors are valuable tools’. In addition to such conflicting views,
there is often ambiguity and confusion between: (i) corridors that essentially allow movement of
individuals dispersing from a population source in a ‘core’ area to other suitable patches of habitat,
(ii) resident populations occupying linear habitats, that may allow range expansion by ‘percolation’,
and (iii) the periodic use of linear habitats during foraging movements within an individual’s homerange. For example, numerous studies have shown that the probability of some animal species
occupying a wood may be increased by both wood size and connectivity. But where the species is
resident in the ‘corridor’, for example dormouse (Eden and Eden, 1999) and many of the bird species
considered by Hinsley et al. (1995), such effects may result from buffering population size through
greater habitat area, rather than connectivity and inter-patch dispersal.
Cain et al. (1998) argue that ‘because it would take forest herbs a hopelessly long period of time to
move long distances via the standard processes of seed dispersal, our results suggest that at large
spatial and temporal scales, corridors may be of little consequence for the direct (unaided) dispersal
of woodland herbs.’ Helliwell (1975) and Fritz and Merriam (1994) both found very few forestunderstorey plants growing in hedgerows thought to act as potential dispersal corridors. The species
most likely to filter along corridors are those for which the corridor provides suitable habitat capable
of supporting a population, i.e. not specialist ‘core’ species (Kirby, 1995). Honnay et al. (1999a) for
example, point out that forest ‘core’ plant species are generally poor at establishing in disturbed soil.
In similar conclusions, Peterken (1993) has pointed out that ‘(secondary) woods rapidly acquire the
catholic and gap-phase species from hedgerows, pastures and disturbed ground but other species
take centuries to arrive, if they arrive at all’. The take home message appears to be, that corridor
networks of hedgerows and other linear features will help rapid colonisation of new woodlands by
widespread and common species that would get there anyway, but will be of little help in the
dispersal and colonisation of specialist and ‘core’ species that are of greatest conservation concern.

Dispersal ability of different groups: preliminary review of
empirical evidence
What do we know of the dispersal ability of different species and functional groups? One generality is
that dispersal tends to be leptokurtic, i.e. the majority of individuals disperse only a relatively short
distance, while a small number undertake considerable long-range dispersal. This is illustrated by
studies of dispersal in British populations of birds (Paradis et al., 1998). However, these same data
also illustrate the ‘Achilles heel’ of most attempts to study dispersal. The results for blackbird Turdus
merula, for instance, derive from analysis of many thousands of ringing recoveries, yet the leptokurtic
tail of long-range dispersers is still only represented by a handful of individuals. The quality of data
available to quantify dispersal data in birds is highly unusual; for most taxa there are severe practical
difficulties in gathering equivalent data (Portnoy and Willson, 1993; Eriksson 1996; Harrison and
Bruna, 1999). Consequently, we lack quantifiable knowledge about the all important leptokurtic tail,
so that generally we cannot distinguish between alternative statistical models that describe very
different frequency distributions of dispersal distance (e.g. negative exponential versus algebraic
distributions). This is a serious shortcoming, as the model which is chosen to describe the frequency
of maximal/long-range dispersal events, may have a strong effect on the outcome and predictions of
attempts to model dispersal and rates of recolonisation (e.g. Fahrig, 1991; Akcakaya, 1992; Cary et
al., 1992; Portnoy and Willson, 1993; Bennett, 1998).
An alternative approach is to infer dispersal ability by observing patterns of population spread and
species occurrence. For example, among birds, willow warbler Phylloscopus trochilus is clearly a good
disperser being able to rapidly colonise remote new habitats (Gillings et al., 2000), whereas nuthatch
Sitta europaea is a poor disperser (Matthysen and Currie, 1996). Among mammals, many are readily
able to cross landscapes to colonise new habitats, as shown by rapid range expansions of introduced
deer in England (Arnold, 1993), bank vole Clethrionomys glareolus introduced into Ireland (Smal and
Fairley, 1984) and, more recently, re-expansion of polecat Mustela putorius range in Britain (Branson,
1998). In contrast, for bats, low productivity of source populations and the social structure of colonial
breeding may restrict the establishment of new breeding groups.
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Much of our understanding comes from comparing fauna and flora in ancient and nearby secondary
woodland. For example, Peterken’s classic work on vascular plant indicators of ancient woodland in
Lincolnshire shows that, at least in this region, species such as pendulous sedge Carex pendula and
wood anemone Anemone nemorosa have limited ability to disperse and colonise (Peterken, 1974;
Peterken and Game, 1984), while herb paris Paris quadrifolia appears to have poor dispersal ability
throughout its European range (Peterken, 2000a). Forest core plant species are generally
characterised by a lack of long-distance dispersal mechanism and are usually not able to colonise
empty forest patches (e.g. Honnay et al., 1999b). In Peterken’s study, most secondary woodlands
colonised by ‘ancient indicator species’ are contiguous with, or near to, ancient woods or hedge
refugia (Peterken, 2000a). Similarly, in southern Sweden dispersal of woodland field layer plants
across ecotones between ancient woodlands and adjacent recent deciduous woods (on former arable
land) occurs at rates of only 0–1.25 metres per year (Brunet and von Oheimb, 1998). However, the
probability of locating indicator species does not fall to zero with distance from source, suggesting
that even for these poor dispersers occasional long-distance events may occur (Peterken, 2000b).
Cain et al. (1998) show the critical role of accidental rare long-distance dispersal events in the
colonisation of forest-understorey habitat by woodland herbs. Such events may also have been
important in anomalous colonisations of secondary woodlands in the Netherlands by ant-dispersed
species and other plants that apparently lack any mechanism for long-distance dispersal (GrashofBokdam and Geertsema, 1998).
In addition to vascular plants, many other species and assemblages are largely restricted to ancient
woodland. Examples include epiphytic lichens (Rose, 1976), basidiomycetes such as chanterelles and
tooth fungi (Marren and Dickson, 2000), bryophytes (Ratcliffe, 1968; but see also Rose, 1993, who
argues that most habitat-specific mosses are mobile and not restricted to ancient woodland),
molluscs (Boycott, 1934) and invertebrates (Harding and Rose, 1986; Warren and Key, 1991). In the
New Forest, 150-year-old oak stands adjacent to ancient woodland generally show little colonisation
by epiphytic lichens of the Lobarion assemblage and even the oldest plantations have only been
penetrated to a distance of 200 metres in 300 years (Rose, 1993).
From the evidence available it seems reasonable to conclude that many specialist woodland species
have severely limited dispersal ability, with the result that populations have only persisted at sites with
a continuity of suitable conditions. While this general picture is probably sound, caution should be
exercised in interpreting the restricted distribution of some ancient woodland specialists. In some
cases relict populations are barely viable, or in the case of many epiphytic lichens, sterile (Harding
and Rose, 1986). Thus they are not currently capable of functioning as source populations,
presumably due to degraded habitat suitability, edge effects and air pollution (e.g. Rose, 1993). A
number of other factors may impede successful colonisation through unsuitability of the receptor site;
for example-absence of particular microhabitats or presence of competitors. Given the highly specific
habitat requirements of many saproxylic invertebrates (Warren and Key, 1991), epiphytes (Rose,
1976) and fungi associated with deadwood, the apparent failure to disperse may reflect small and
localised source populations and a lack of suitable recipient sites as much as an intrinsic lack of
dispersal ability.

Conclusions and recommendations
The development of functioning ecosystems within re-created native woodland will be an extremely
long process, extending over hundreds of years. We make the following points concerning the
implementation of woodland restoration where the aim is to restore biological communities,
including specialist woodland species:
• Core habitats take a very long time to develop in quality (e.g. through succession, the
development of microhabitats and soil). Once core habitat quality has developed, dispersal
may then occur to secondary sub-optimal habitats that initially lacked a species. But for
some species the newly created ‘core’ may remain a sink for many years and the existence
of a few dispersers in a recently created habitat should not be taken as evidence that a selfsufficient population has become established. This emphasises the importance of retaining
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existing habitats and refugia as a source of colonists into the future. In this respect the
importance of small and isolated remnant patches of ancient woodland should not be
underestimated.
• Emphasis should be placed on establishing large core areas and on reducing deleterious edge
effects. It is argued that in the long-term, this strategy will enhance the probability of
successful colonisation by many genuine woodland-specific species (rather than generalists).
However, it should also be recognised that creation of single large blocks of forest may not
always be the best solution in attempting to maximise ecological richness at a regional scale.
Where this is an objective, it may be preferable to create discrete woodland blocks across a
range of soil and environmental conditions.
• Creation of corridors, with the aim of facilitating dispersal, is of doubtful value for many
woodland species.
• Spatial and structural heterogeneity within and between landscapes will be valuable – different
approaches and outcomes will be desirable in different locations. Although large contiguous
blocks of woodland generally may be recommended in order to provide core habitat for
specialist species, varied mosaics of woodland and other semi-natural habitats may favour
species that require complementary resources and can help to maintain biological
communities associated with long-established edges. Such mosaics may be encouraged to
develop with a modicum of planting followed by treatments such as variable grazing in space
and time. Where sufficient space is available, substantial areas of old-growth can be
accommodated within planned mosaics. A planned approach may be especially valuable in
maintaining diverse edge communities in some areas but avoiding deleterious edge effects in
others. Where very large tracts of minimum intervention forest can be developed, gap
dynamics would gradually generate natural mosaics which are likely to be very different in
structure to ‘planned mosaics’.
• Regarding future research, there is an ongoing need for theoretical and empirical studies on
communities at a landscape scale, particularly focusing on species interactions and keystone
processes structuring ecosystems. More specifically, far more attention needs to be given to
understanding edge effects and species-specific dispersal. Better documentation is needed of
the magnitude and range of edge effects in temperate woodlands, the relative susceptibility
of differing taxa and functional groups to such impacts and the underlying mechanisms. Our
understanding of the dispersal abilities of many specialist woodland taxa is severely limited
and the mechanisms that contribute to low dispersal are poorly understood. Creation of new
wooded landscapes provides a valuable opportunity to design experiments on dispersal and
colonisation. Studies using molecular markers can provide evidence of phylogeographic
intraspecific population structure arising from historic separations, past colonisation events,
in situations of limited contemporary gene flow between populations (Avise, 1994; Nichols
and Hewitt, 1994; Ibrahim et al., 1996; Cain et al., 1998). Molecular techniques also offer
the potential to study effects of landscape structure on contemporary rates of dispersal and
may be particularly useful for taxa in which dispersal rates and distances are difficult to
measure directly.
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CHAPTER 4

Establishing native woodlands in former upland
conifer plantations in Ireland
George F. Smith, Daniel L. Kelly and Fraser J. G. Mitchell
Summary
Because of land-use change and the advent of sustainable forest policies, former upland conifer
plantations may provide opportunities for native forest restoration at the landscape scale. To
investigate the feasibility of restoring Irish oakwoods to such sites, we established, in 1999, 21 pairs of
fenced and unfenced permanent plots in clearfelled conifer plantations in the Wicklow Mountains and
Killarney National Parks. Browsing damage from deer, sheep and other animals caused significant
mortality to planted sessile oak and downy birch seedlings. Mortality at first sampling was 11.3%
higher for oaks and 22.4% higher for birch planted in unfenced plots than in fenced plots. Damage
from small herbivores, mostly hares, also caused significant mortality in the first year. While mortality
of undamaged birch seedlings was 34.7%, mortality of seedlings damaged by small herbivores was
58.8%. A reduced cover of felling brash was associated with higher birch mortality and higher
frequency of small herbivore damage. Brash may thus play an important role in sheltering trees from
browsing from certain animals. Natural regeneration of tree species was highly variable across the
sites and appeared to be limited mainly by dispersal. The most abundant species were the invasive
exotics Sitka spruce and Rhododendron ponticum. The majority of Sitka spruce reseeding seems to be
limited to a ‘window’ of a few years before developing vegetation reduces recruitment opportunities.

Introduction
Restoring or creating native forests in Ireland and Britain at the landscape scale obviously depends on
the availability of land. In the upland regions of Ireland, the National Parks and Nature Reserves
networks are expanding and have acquired large areas of exotic conifer plantations. Because native
woodlands occupy less than 1% of the land area of Ireland, Dúchas, the Irish conservation agency, is
interested in the possibility of restoring and/or creating native woodlands in clearfelled conifer
plantations. Recent interest in sustainable forest management may also encourage native woodland
restoration on conifer sites in private and semi-state hands. Even if species and provenances suited to
the site are selected, however, many technical problems can interfere with successful restoration, and
former conifer stands represent a largely new situation for managers.
Difficulties likely to be encountered in restoring native woodlands on clearfelled conifer plantation
sites include those common to any restoration effort and some which are unique to upland or former
plantation situations. The former conifer crop and attendant silvicultural and harvesting practices alter
vegetation development in ways that may affect woodland restoration (Rodwell and Patterson, 1994;
Olsson and Staaf, 1995; Wallace and Good, 1995; Bergquist et al., 1999). Browsing by deer, sheep,
hares and, more locally, feral goats is a well-known obstacle to tree regeneration in deciduous
woodlands (Mitchell and Kirby, 1990; Gill, 1992), and is likely to be a problem in upland clearfells as
well. The brash remaining from the felling operation will affect establishment and growth of woody
and herbaceous species and may influence the behaviour of grazing mammals (Grisez, 1960). Many
upland conifer plantations are located long distances from existing broadleaved woodlands or other
significant native tree populations. In these situations, planting will probably be necessary to achieve
tree cover. Clearfelled sites are likely to provide opportunities for the invasion of exotic species,
particularly conifers such as Sitka spruce Picea sitchensis (McNeill and Thompson, 1982; Clarke, 1992;
von Ow et al., 1996; Dagg, 1998), and also Rhododendron ponticum.
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The objectives of our three-year research project are to determine: (1) in what situations natural
regeneration will be sufficient to establish native woodlands, and (2) under what conditions will more
intensive management options, such as tree planting, be successful. In this chapter we present firstyear results on natural succession in clearfelled sites and survival of planted tree seedlings.

Methods
In 1999, 15 pairs of 20 x 20 m experimental plots were established in the Wicklow Mountains in the
east of Ireland and 6 pairs in the upland areas of Killarney National Park in the southwest (Figure 4.1
and Table 4.1).

Figure 4.1
Locations of the Killarney National Park
and Wicklow Mountains National Park
study sites.

Wicklow
Mountains
National
Park

Killarney
National Park

One of each pair of plots was fenced to exclude large herbivores, including deer, and was situated
adjacent to an unfenced control plot. The climate of Killarney is extremely oceanic, with over 200
rain days per year and mild temperatures year-round (Mitchell and Ryan, 1997). The central Wicklow
Mountains are slightly more continental, receiving 150–200 rain days per year and generally not
exceeding 2000 degree days per year (Mitchell and Ryan, 1997). The plots were located in former
plantations of Sitka spruce, lodgepole pine Pinus contorta and Japanese larch Larix leptolepis, felled
between 1987 and 1998 (Table 4.1). The distance from the plots to surrounding native and nonnative tree seed sources varied greatly. Table 4.1 shows the estimated mean distance from the plots
in each study site to the nearest significant source of native tree and Sitka spruce seed. Here, a
‘significant’ source of seed is a group of more than 20 mature trees, such as woodland, a riparian strip
of woodland vegetation, or a standing remnant of the conifer crop. Soils included deep peats, rankers,
podzols and brown earths; these are being investigated in more detail at a later stage in the study.
The most appropriate woodland type for restoration in the Irish uplands on acid soil is oak woodland
dominated by sessile oak Quercus petraea and downy birch Betula pubescens (cf. Kelly and Moore,
1975). Rowan Sorbus aucuparia and holly Ilex aquifolia are also important components, but Scots pine
Pinus sylvestris has not been a native species in Ireland since the first millennium AD when it is
generally believed to have become extinct (Mitchell and Ryan, 1997). In the spring of 1999, 48 oak
seedlings and 24 birch seedlings were planted in each 400 m2 plot. The Killarney plots were planted
in March while the Wicklow plots were planted in May. The oak seedlings were two- or three-year-
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Table 4.1

Site

Study site details and estimated mean distances to the nearest significant source of native species
and Sitka spruce seed.

No. of
plots

Geology

Elevation
range
(m)

Former crop

Felling
years

Seed source
distance (m)
Native
species

Sitka
spruce

Killarney
TorcMangerton

3

Devonian
Old Red
Sandstone

240–255

Sitka spruce

1987–
1988

100

200

Looscaunagh

3

Devonian
Old Red
Sandstone

215–240

Sitka spruce

1994

250

70

Glendalough

4

Ordovician
schist and
phyllite

220–285

Japanese larch,
Sitka spruce

1991–
1995

125

100

GlenmalureBaravore

3

Granite

160–225

Sitka spruce

1998

180

100

GlenmalureFraughan Rock
Glen

6

Granite

320–350

Sitka spruce,
lodgepole
pine

1997–
1998

600

150

GlenmalureBenleagh

2

Granite

350–380

Sitka spruce

1993,
1998

500

80

Wicklow

old bare-rooted transplants ranging in height from 30 to 100 cm. Birch seedlings were 60–90 cm tall
two-year-old bare-rooted transplants. Data on planted and naturally regenerating tree seedlings were
collected in the summer and autumn of 1999. Data on herbaceous and shrub vegetation were
collected from eleven 1 m2 quadrats in each plot. Site data collected include brash height and
density, slope, aspect, elevation and exposure. Also presented in this chapter are results from tree
seedling data collected from nine of the Wicklow plots in the summer of 2000. Univariate statistical
analysis was conducted using Data Desk (Data-Description, 1997) after consulting Sokal and Rohlf
(1995). Vegetation data were investigated using beta-flexible clustering, an agglomerative clustering
technique, and non-metric multidimensional scaling (NMDS), an ordination method appropriate for
identifying patterns in complex data (Legendre and Legendre, 1998). These multivariate analyses
were conducted using PC-ORD (McCune and Mefford, 1997).

Results and discussion
Vegetation development
The herbaceous plants and low shrubs present on a site can influence the development of woodland
and the success of tree planting efforts. Vegetation, or its absence, can change the water and nutrient
regimes of a site, may influence the behaviour of grazing animals, and can alter the availability of safe
sites for germination. For example, birch regenerates poorly in grass or under a closed Calluna
canopy (Kinnaird, 1974; Atkinson, 1992). Pteridium, Calluna and grasses such as Deschampsia flexuosa
and Holcus mollis have been found to reduce the growth of oak, but Ulex europaeus and Rubus
fruticosus agg. can provide protection from grazing and Vaccinium myrtillus has been observed to
improve the germination and growth of oak seedlings under experimental conditions (Jones, 1959;
Ovington and MacRae, 1960; Shaw, 1974; Evans, 1988; Humphrey and Swaine, 1997). In our study,
each 100 m2 plot quarter was assigned to a vegetation type based on the 1 m2 vegetation quadrat
data using beta-flexible clustering (with ß = –0.5). The last five clusters formed appeared to be the
most ecologically meaningful (Table 4.2).
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Vegetation
type

Grass

No. of
100 m2
plot
quartersa

Dominant species

Years since
felling (±
standard
error)

27

Agrostis capillaris
Holcus mollis
Pteridium aquilinum
Galium saxatile

7.2 ± 0.3

Table 4.2
Vegetation types occurring on former
conifer plantations felled between 1987
and 1998 determined by beta-flexible
clustering (ß = –0.5).

Mixed
grass–
heather

14

Agrostis capillaris
Calluna vulgaris

6.9 ± 1.3

Rush

32

Juncus effusus
Juncus bulbosus
Digitalis purpurea

3.6 ± 0.3

Heather

19

Calluna vulgaris
Erica cinerea

10.1 ± 0.8

Early
successional

72

Calluna vulgaris
Carex spp.

1.8 ± 0.2

a
Three plot quarters dominated by Luzula
sylvatica and one dominated by Molinia
caerulea were omitted because of their very
different vegetation compositions.

Vegetation types based on additional clusters seemed to represent variants distinguished from the last
five clusters by species composition, but not by notable differences in environmental variables such as
soil type or time since felling. A non-metric multidimensional scaling (NMDS) ordination of the
vegetation data (not included here) showed reasonable cluster separation and indicated that years
since felling and slope had the greatest influence on vegetation types.
The early successional vegetation type generally occurred on former Sitka spruce sites that had been
felled within the past year or two; this type was characterised by very little vegetation cover and high
cover of needle litter. The rush type was found on flatter, more poorly drained ground. An
intermediate stage in succession was represented by the mixed grass–heather type. The heather
vegetation type appeared on old clearfells that seemed to be progressing well towards heathland,
and was dominated by large Calluna vulgaris and Erica cinerea. The grass type was typical of older
clearfells formerly occupied by larch. Judging by existing larch stands nearby, bracken and the
dominant grasses almost certainly colonised the larch stands prior to felling. This vegetation type also
existed in some places where Sitka spruce had been removed for several years.
In the early successional vegetation type, mortality of birch from planting to 1999 sampling, in
fenced and unfenced plots, was significantly higher than in the rush and heather types (P < 0.05
according to an ANOVA on arcsine transformed data). Similarly, oak mortality was significantly
greater in the early successional vegetation types than in the rush, heather and grass types. These
results may be caused in part by higher severity of small herbivore damage and/or greater levels of
seasonal water stress in early successional sites, which have little vegetation to shade the dark brown
needle litter.
Herbivore damage
Unsurprisingly, browsing by large herbivores including deer, sheep and, in some locations, feral goats
caused much greater mortality of trees planted outside than within fenced exclosures (Figure 4.2).
Mortality of planted seedlings inside the exclosures was higher in 1999 than in 2000, doubtless a
result of transplantation shock which was exacerbated by unavoidably late planting in the Wicklow
plots. Late planting was almost certainly a large contributor to high birch mortality in 1999. Mortality
of naturally regenerating birch seedlings between sampling in 1999 and 2000 was also significantly
greater outside the exclosures (Figure 4.2).
Numbers of other naturally regenerating tree species were insufficient for meaningful analyses. Much
of the natural regeneration in the older clearfells had become established prior to fencing, but was
suppressed by high browsing pressure.
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Figure 4.2
Fenced

Unfenced

Per cent mortality

50

Percent mortality inside and outside
exclosures of planted oak and birch for the

40

intervals from planting to sampling in
1999 and from sampling in 1999 to

30

sampling in 2000. Also per cent mortality
of naturally regenerating birch between

20

1999 and 2000a. Differences in mortality
between fenced and unfenced seedlings in

10

all five categories are significant (P <0.01)
0

a

Oak 1999
(n=2016)

Natural
Planted
Oak 2000
Planted
(n=760) birch 1999 birch 2000 birch 2000
(n=311)
(n=248)
(n=1060)

according to Fisher’s exact test.

Sample size (n) for the interval from planting to 1999 sampling is the
number of trees planted; for the 1999–2000 interval, sample size (n) is the
number of live trees in 1999 in the nine Wicklow plots resampled.

Small herbivores were not excluded by the fences, and so severe damage from these animals
occurred in several plots. Judging by browsing symptoms and abundant droppings, hares Lepus
timidus hibernicus were responsible for the majority of the damage. Bank voles were introduced to
Ireland around 1950 and are present in Killarney, but do not appear to have spread to Wicklow
(Carruthers, 1998). Small herbivore damage was of two types: (1) bark stripping which often girdled
and killed the trees, especially birch, and (2) browsing which often severed the leader, but usually did
not cause the death of the tree. It was observed that bark stripping was the dominant form of
damage in early successional vegetation, while in grass–bracken plots, bark stripping was rare.
Mortality of oak and birch from planting to 1999 sampling was significantly higher for seedlings
damaged by small herbivores (Figure 4.3).
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Sample size (n) for the interval from planting to 1999 sampling is the
number of trees planted for which small mammal damage could be
determined; for the 1999–2000 interval, sample size (n) is the number of
live trees in 1999 in the nine Wicklow plots resampled.

Mortality between 1999 and 2000, however, was not affected in the same manner. The differences
between years may indicate an interaction with transplantation shock, may reflect increases in
abundance of alternative food sources in the early successional vegetation type, or may simply be an
artefact of the smaller 2000 sample size.
Brash influences
Brash left behind from felling operations is regarded with mixed feelings by those engaged in
reforestation or attempting to encourage natural regeneration. Retention of brash on-site is suggested
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by some to maintain soil nutrient status (Fahey et al., 1991; Titus and Malcolm, 1999). On the other
hand, a heavy brash cover may inhibit natural regeneration and make tree planting more difficult
(Rodwell and Patterson, 1994). Yet again, dense brash may be important in providing refugia for
woodland plant species (Olsson and Staaf, 1995; Bergquist et al., 1999; Humphrey and Nixon, 1999)
and protecting tree seedlings from browsing (Grisez, 1960).
To investigate the influence of brash on young tree browsing, brash height and density (in three
classes: light, moderate, heavy) were sampled at 28 points in each unfenced plot. These were
compared with several tree seedling variables: planted oak and birch height and mortality, frequency
of browsing by large and small herbivores, and natural regeneration of birch, rowan, holly and Sitka
spruce. Because of correlations within the data, NMDS ordination was used to identify the axes of
greatest variation in the tree data (Figure 4.4).

Figure 4.4

NMDS ordination biplot of 1999 tree seedling data; plots are shown by squares. R2 values indicate
the proportion of variation in the tree data ‘explained’ by the ordination axis. Length and direction of
the tree variable lines reflect their correlations with the ordination axes. Brash data were overlaid on
the ordination. Variables poorly correlated with either axis (including abundances of natural tree
regeneration and frequency of heavy brash cover) are not shown.

Axis 2 (R2 = 0.125)

4

oak height
birch height

small herbivore
damage
light brash cover
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damage

birch mortality
oak mortality

Axis 1 (R2 = 0.301)

The brash data (mean brash height and frequency of each of the three density classes) were overlaid
on the ordination to investigate the relationships between the two sets of data. Frequency of hare
damage and birch mortality had high correlations with axis 1 (r = –0.622 and r = –0.660,
respectively). Although frequency of heavy brash cover was not well correlated with either ordination
axis, light brash cover was correlated with axis 1 (r = –0.413). These results suggest that areas of
lighter brash cover favour small mammals, chiefly hares. The density of brash occurring in this study,
however, may not be sufficient to deter large herbivores. Most of the sites in this study were felled
motor-manually and the trees removed to the roadside by cable skidding, thus leaving only moderate
amounts of brash on-site.
Natural tree regeneration
Abundance of natural regeneration of trees and R. ponticum in fenced and unfenced plots was highly
variable (Figure 4.5). In addition to the species in Figure 4.5, sessile oak, lodgepole pine, Scots pine,
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silver fir, Japanese larch and beech appeared in lower abundances. Apart from responses of unfenced
birch regeneration to herbivory (and the influence of felling year and former crop on Sitka spruce
discussed below), no environmental variables measured appeared to have a significant influence on
natural regeneration abundances. Based on observations in the field, it seems that the primary factor
at work is seed source availability. Birch seedlings were frequent in most plots within 250 m of native
woodland or riparian strips of trees, but were virtually absent from the Fraughan Rock Glen and
Benleagh plots, where a single tree represented the only birch seed source within 500 m or more
(Table 4.1). Similarly, oak and beech seedlings were not seen in plots more than about 100 m distant
from significant native seed sources. Rowan and holly seedlings, however, were found in nearly every
plot and their abundances did not seem dependent on the location of woodland or other groups of
trees. Mature rowan and holly trees occurred as scattered individuals clinging to the hillsides around
all of the study sites. This distribution together with their bird-dispersed seed probably facilitates
wide dispersal about the landscape. Most birch seed, in contrast, lands within 50 m of the parent
tree (Atkinson, 1992).
The most abundant woody species in the early natural succession of clearfells were exotics (Figure
4.5). Regeneration of these species was also influenced by seed source availability. Invasion by R.
ponticum is a much greater problem in Killarney than in Wicklow (Cross, 1982), and mature individuals
were more abundant in the Killarney study sites than in Wicklow. In 1999 R. ponticum regeneration
was only found in the Killarney plots, where it reached densities of up to 557 individuals 100 m-2.
Although R. ponticum is not as yet a serious threat in most of Wicklow, the appearance of R. ponticum
seedlings there in 2000 suggests that it might be able to take advantage of the disturbance created
by felling and become more invasive than before. Of the former conifer crops, Sitka spruce was the
only species to reseed in substantial numbers. In some more recently felled spruce stands, new Sitka
spruce regeneration occurred in high densities, while in earlier felled stands, the size distribution
skewed towards larger individuals suggests that very little new regeneration is taking place (Figure 4.6a).
This supports earlier studies which found that Sitka spruce has a narrow ‘window of opportunity’ for
colonisation before a site becomes dominated by competing vegetation (McNeill and Thompson,
1982; Clarke, 1992; von Ow et al., 1996; Dagg, 1998). In former lodgepole pine and larch
plantations, Sitka spruce regeneration was much lower (Figure 4.6b). One reason for the abundance
of Sitka spruce seedlings in former spruce stands is probably the release of seed by the crop in the
months prior to felling. When felling comes shortly after a good seed year, very high densities are
likely (von Ow et al., 1996; Dagg, 1998). Another contributing factor to higher abundances of Sitka
spruce seedlings in former Sitka spruce stands may be the location of existing seed sources. In this
study, plots in felled spruce stands tended to be closer to existing Sitka spruce plantations than plots
in felled pine or larch stands. The latter plots probably receive an insufficient seed rain to yield
problematic densities of Sitka spruce regeneration. Even light-seeded species like Sitka spruce have
poor dispersal abilities over long distances (Mair, 1973).

43

Mean density (number ha-1)

Establishing native
woodlands in former
upland conifer
plantations in Ireland

(a)

Figure 4.6

8
1987
1995
1998

7
6

Mean density (number per ha) of Sitka
spruce regeneration in 20 cm increment

5

height classes. (a) former Sitka spruce

4

stands felled in 1987, 1995 and 1998.

3

(b) former pine or larch stands felled in

2

1991, 1993 and 1997 (note change in y

1

axis scale).

0

10

30

50 70 90 110 130 150 170 190 200+
Height classes (20 cm increments)

(b)
0.9

Mean density (number ha-1)

4

1987
1995
1998

0.8
0.7
0.6
0.5
0.4
0.3
0.2
0.1
0

10

30

50 70 90 110 130 150 170 190 200+
Height classes (20 cm increments)

Conclusions
What conclusions can be drawn from this study that are of use for those attempting to establish
native woodlands on former conifer sites? Where protected from large herbivores, early survival of
planted sessile oak and downy birch appears to be sufficient to form a woodland canopy. The
potential effects of developing vegetation on establishment and survival of planted and naturally
regenerating trees, however, should be kept in mind. Recently felled stands may be hostile
environments for young trees, but on the other hand, well-established vegetation may reduce
opportunities for natural regeneration. Where Sitka spruce reseeding is a potential threat, vegetation
cover could be encouraged to reduce recruitment opportunities. Brash management, which this
study has only begun to analyse, may have important implications for woodland restoration. Where
only light brash cover exists, small mammal damage to trees can be high. In many former plantation
areas, natural regeneration probably cannot be relied upon to establish woodland cover because of
the scarcity of native seed sources. Bird-dispersed species such as rowan and holly will have little
difficulty in reaching a site, but usually not in sufficient densities to form a woodland canopy. The
presence of pockets of mature birch within a few hundred metres of the site may be necessary for
adequate densities of birch regeneration. Where native seed sources are few, allowing succession to
progress to heathland may be a more economically feasible conservation goal. The abundance of
Sitka spruce and R. ponticum invasion, however, implies that succession to heath may not be an easy
or assured option.
Our ongoing research should clarify many of the above issues. By measuring distances to seed
sources and estimating abundances, we will provide a quantitative analysis of the role of dispersal in
establishing native woodland cover and in Sitka spruce invasion. We are also currently investigating
the influence that soils and the soil seedbank have on natural succession and tree survival and
growth. A woodland soil translocation trial is under way to test whether or not this method can be
effective in introducing native woodland ground flora to clearfells. Former conifer stands felled and
abandoned for longer periods of time will be sampled to provide a longer-term view of succession.
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CHAPTER 5

Modelling the potential distribution of woodland at
the landscape scale in Scotland
Alison Hester, Willie Towers and Ann Malcolm
Summary
The Native Woodland Model has been developed to link woodland and scrub habitat requirements
with digital biophysical data, to predict the potential occurrence and distribution of a range of seminatural woodland communities across Scotland. The model has been developed with the explicit aim
of predicting patterns of woodland site capability over large areas without the need for ground
survey. Thus the model provides a strategic planning tool, designed to be used at scales from
1:50 000 up to national level. Through the use of specific case studies, we outline the process of
dataset integration, interpretation and model development, giving examples of the output generated.
We discuss the important issues of uncertainty in woodland modelling, together with the options for
validation when so little native woodland now remains in Scotland. Results of critical examination of
our choice of datasets illustrate how soils and land cover data can act as robust surrogates for a range
of climatic factors not directly used in the model. Validity testing of the model output to date has
shown very good agreement with remaining native woodland and expert assessment on site
suitability where woodland is no longer present. The merits and potential constraints of the approach
used are discussed in the context of the applications for which the model is designed, and potential
future applications are outlined.

Introduction
Over the past four millennia, the native woodland cover of Scotland has declined dramatically, and
today only about 4% of the land area of Scotland is covered by semi-natural woodland and scrub
(Mackenzie, 1999). The main reasons for this decline are agricultural development, timber harvesting,
heavy grazing and climate change, but their relative importance remains controversial (McVean and
Ratcliffe, 1962; Birks, 1973; Mackenzie, 1987; Smout, 1993; Fenton, 1997). In view of this decline,
restoration and expansion of native woodland is now a conservation priority in many areas and a
number of initiatives are in place to protect and expand this resource. These include the LIFE
Caledonian Partnership, Habitat Action Plans and the Millennium Forest for Scotland Trust.
Despite the keen interest in woodland expansion in Scotland, little is known about the potential
distribution and extent of different woodland types under current conditions; yet this kind of
information is crucial to guide native woodland expansion at regional and local scales. Most surviving
native woodlands provide only partial information since they tend to be highly fragmented and their
composition has often been radically altered by heavy grazing, timber extraction and underplanting,
and invasion by introduced species (Rodwell, 1991). Comparisons with historical reconstructions from
palaeobotanical studies (McVean and Ratcliffe, 1962; Birks, 1973; Bennett, 1996) are of limited value
as current site conditions have generally been modified by factors such as climate change and
environmental pollution, the removal of the original forest cover, and agricultural cultivation of soils,
as well as the fact that some taxa are more poorly preserved in pollen records than others.
We propose that a more useful and practical approach is to predict woodland distribution for current
environmental conditions using site suitability models. A Native Woodland Model (NWM) has been
developed which links published data and expert knowledge on woodland and scrub habitat
requirements with digital biophysical data to predict the occurrence and distribution of a range of
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woodland and scrub communities at the landscape scale. Model development started in 1996 when
the need for such a tool was identified, as part of a wider project in the Cairngorms area (MacMillan
et al., 1997). The main aim of the model was to predict general patterns of woodland site capability
over large areas without the need for ground survey. As the model developed further, the aim has
continued to be that of creating a strategic planning tool, designed to be used at scales from
1:50 000 up to the national level.
To make a strategic level model such as this, whole-Scotland datasets were needed, preferably in
digital form to allow integration within a Geographic Information System (GIS). There was also a
need for a common language to allow wider use of the model, so that all users could understand the
predictions made. In this chapter we describe the development of the NWM, the datasets used, the
validation of the model approach and output, and the purposes for which the model has been, and
should continue to be, applied.

Model development
Two digital data sources are used in the model: the 1:250 000 scale national soils map (Macaulay
Institute for Soil Research (MISR), 1984) and the 1:25 000 scale Land Cover of Scotland 1988 (LCS88)
dataset (Macaulay Land Use Research Institute (MLURI), 1993). Both datasets cover the whole of
Scotland and are in digital format. Together they contain a range of information relevant to the
prediction of woodland and scrub communities, thus they are ideal for a strategic overview model
such as this.
The 1:250 000 scale national soil map comprises 580 soil map units, differentiated on geological (soil
association), pedological (component soils) and physiographic criteria (landforms). The soil map is
also underpinned by an extensive database from which information on soil (and vegetation)
properties important for the growth of different woodland types, such as base status, nutrient status
and moisture regime, can be readily inferred. The system of soil classification and the terms used in
soil description can be found in the handbook which accompanies the map series (MISR, 1984).
Information of particular relevance to the definition of woodland suitability includes: (a) parent
material and base status of different soils, (b) soil nutrient status, moisture regime and depth, and (c)
landform features such as slope, rockiness or morainic deposits, which influence the proportions of
different soil types within complex and heterogeneous landscapes.
The 1:25 000 LCS88 map provides information on Scotland’s land cover as it was in 1988 and was
captured from the visual interpretation of aerial photographs. The hierarchical classification allows for
126 single land cover features including all the major semi-natural vegetation communities. There are
also over 1 000 mosaic categories used largely to describe the heterogeneous semi-natural vegetation
resource. The LCS data provides valuable additional information, in particular by:
• providing higher resolution data than the soils data, so adding detail to the soil units and
allowing some soil complexes to be disaggregated into their component parts in the
landscape;
• locating cultivated land which allows delineation of soils where nutrients or moisture may have
been altered by ploughing and fertilising (thus affecting woodland site suitability);
• delineating montane vegetation types and allowing the separation of the montane scrub
zone from land considered unsuitable for trees/scrub, which is not possible using the soil
data alone.
The ‘common language’ selected as most appropriate for the woodland and scrub descriptions was
the NVC (Rodwell, 1991; Rodwell and Paterson, 1994), but we enhanced this with extra categories
where we considered the NVC to be deficient, for example montane scrub types and more open
woodland mosaics: for these we drew upon other available literature, in particular McVean and
Ratcliffe (1962), McVean (1963, 1966), Wormell (1968), Birse (1982), Hester (1995) and Gilbert et al.
(1997). Furthermore, because most NVC types also encompass much variation, we further refined the
NVC predictions with more detail in the text accompanying all NWM maps, to guide the actual use
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of the model predictions specific to any area. Much of the original forest cover of the UK has been
replaced over many hundreds (to thousands) of years by a number of semi-natural heath, grassland
and bog vegetation communities. Each open vegetation community has different relationships with
climate, soils, terrain, and many are variously described as the optimal precursor vegetation for
specific NVC woodland types by Rodwell and Patterson (1994). It must be stressed that, although
there is considerable knowledge about the relationships between many NVC woodland types and site
conditions, this knowledge requires careful translation when applied to the integrated dataset derived
from the soils and land cover data used in this study. By the very nature of what these data describe,
they are imprecise and consequently some ‘expert’ judgement, interpretation and an understanding
of the opportunities and constraints of the data are required.
The soils and land cover datasets were overlaid within a GIS forming a new integrated dataset to
produce over 30 000 soil/land cover combinations. These combinations, which are essentially a
description of the present site conditions, form the basis of the NWM predictions. Each combination
is allocated to an NVC woodland type or to a mosaic of NVC types, based on the relationships
between biophysical properties and woodland requirements, using available literature and expert
opinion. It is important to note that the NWM thus predicts the potential for woodland and scrub
types under current soil and vegetation conditions, i.e. with no or minimal intervention. The rationale
underpinning this process is described in more detail below. Site requirements for some woodland
and scrub types are better understood than for others, and thus the degree of certainty attached to
specific predictions is also detailed in the text accompanying all NWM maps.
The philosophy, assumptions, uncertainties and methodology underpinning the model are described
in the Appendices which accompany each report describing the model output, and will be published
by the Macanlay Institute (Towers et al., in press).

Model output
Figure 5.1 illustrates the NWM predictions for part of north-west Scotland. We can group the model
output into three main types:
• Single woodland types These have been predicted where site conditions are clearly suitable
for one woodland type alone at the scale of resolution of the model.
• Mosaics Mosaics of woodland types have also been extensively mapped under specific
instances, in the following ways. Over large areas of upland Scotland, the soil and land cover
pattern can be very variable even over short distances. The soil map data also contains
information on the component soils below the scale of resolution of the map itself, and by
integrating that information with LCS88 the complex soils and land cover can be
disaggregated into a range of different ‘soil landscapes’ (Bibby et al., 1982; see Figure 5.1 and
point 3 below), which give information on the proportions of each component soil in different
locations (Macaulay Institute for Soil Research, 1984: Macaulay Land Use Research Institute,
1993). Thus, each soil landscape contains a range of different site conditions with different
potential for woodland or scrub, but below the scale of mapping used. By matching woodland/
scrub types to the different components of the soil landscapes, mosaics of NVC woodland types
have been defined within the NWM as the most appropriate approach at this scale. The sitelevel requirements for each soil landscape are detailed in the text accompanying the NWM
maps. For example, on moundy moraines, W18 is considered most suited to the peaty podzols
on the mounds, whereas peatland with scattered trees/scrub is predicted on the peat in the
intervening hollows and channels. This mosaic is indicated on the map legend as ‘W18 + peatland with scattered trees/scrub’, with W18 being the dominant component as it is listed first.
• Interchangeable types Classifications, by definition, have to ‘pigeon-hole’ elements of the
physical environment, whereas in reality many of these elements, such as vegetation and soils,
are part of a continuum in the landscape. This problem manifests itself in the NVC, both in the
similarity between descriptions of some woodland types and the overlap of species within
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Figure 5.1

Native Woodland Model output for Skye and surrounding area (SNH Natural Heritage Zones 6 and 8).
The map shows the NWM-predicted site suitability for a range of woodland and scrub types.
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them (Rodwel, 1991; Rodwell and Patterson, 1994), and in the similarity or overlap of site
conditions described as suitable for the different NVC types (Rodwell and Patterson, 1994).
Indeed, Rodwell (1991) describes and illustrate many zonations of one woodland to another
where soil conditions grade into others. The ‘interchangeable category’ has been used in
situations where the soils are considered equally suitable for two woodland types and where
the geology and/or overlying drift on which the soils are developed is intermediate between
the optimal conditions for either woodland type. In our model predictions, we feel that it is
important to distinguish these from mosaics, as described above, where different components
of heterogeneous landscapes support quite distinct woodland types (but at scales more
detailed than the mapping scales used here).
In addition to illustrating the woodland and scrub types defined by the model, the information
displayed in Figure 5.1 illustrates the following five main points about the model output:
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1. The model output can be very complex; in this part of NW Scotland it reflects the huge
variation in geology and site conditions, even within very small areas.
2. Different landscapes tend to give very different patterns of woodland and scrub potential; for
example, contrast the NWM output for the steeply dissected mountains of the mainland with
the more open, rolling moorland areas of central Skye.
3. The Ardnamurchan area contains good examples of ‘soil landscapes’ where mosaics of
different woodland types have been predicted, for example the W4 + peatland with scattered
trees + W17/W18 mosaic on rock-dominated landscapes where peat is a common component.
The rock outcrops have potential to support W17 or W18, whereas the flat channels and
basins between the rock outcrops would support only scattered trees, with potential for W4
on intermediate ground.
4. The landscapes in NW Scotland are predominantly rocky and heterogeneous and thus
woodland mosaics predominate (Figure 5.1). As we move east across Scotland, the landscapes
tend to become more homogeneous and this is reflected in the NWM output by increasing
proportions of single and interchangeable woodland and scrub categories (e.g. Cairngorms
Partnership, 1999).
5. Finally, the altitudinal zonation in different areas is notable, for example from W9/W11 on steep
coastal valley sides on mineral soils, through a range of open woodland mosaics on less steeply
sloping ground and organic soils, up to montane scrub and open, exposed mountain tops.
The model output thus provides strategic overviews of woodland and scrub potential both within and
between different areas of Scotland.

Uncertainties in woodland modelling
It is important to consider that there are a number of potential sources of error and uncertainty
involved in all modelling work. In the NWM, these include:
• Errors in source data. By their very nature, soils and land cover maps are simplifications of
reality; classes can merge into each other, there are uncertainties of definition and of boundary
location. These difficulties are present even when describing such features on site. Some
features are more accurately identified and located than others, for example, alluvial soils or
arable land, as compared to soils with subtle drainage distinctions or bracken.
• Uncertainties within the literature regarding optimum site conditions for different
woodlands. It is not yet possible to define with precision what is required for establishment
of all woodland/scrub types, because the precise limits for growth and survival of most native
tree/scrub species and woodland types are not fully understood. This is partly due to a lack of
relevant research and partly because we have so little native woodland remaining in Scotland
that it is hard to define and test such limits.
• Limitations of woodland classifications. The NVC is, of course, desirable to use as the
standard UK classification system, but it is only based on relatively small samples and therefore
has inadequacies in its application to some Scottish woodlands. Other Scottish woodland
classifications, most notably that of McVean and Ratcliffe (1962), give valuable additional
information to alleviate some, but not all, of the problems associated with the NVC.
• Impacts of ‘external’ pressures. Grazing, for example, can complicate woodland predictions
which are based only on the biophysical attributes of a site.
Most of these potential sources of error are very difficult to quantify, and within our reports
describing model outputs we make explicit recognition of them in order that the reader/user is aware
of their implications for the model output. It is also important to note that, in view of the extreme
scarcity and highly modified state of most of our native woodland remnants, it is currently not
possible to fully validate any model predicting woodland potential in the UK. There are two main
ways to partially validate the approach and the output:
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1. To examine how well the datasets used predict site conditions and how the inclusion of other
data might improve those predictions.
2. To test the predictions against the remaining native woodland areas.
It is fundamental to note that the latter is only valuable where the management history is well
understood, in order to examine the reason for a match or mismatch of woodland type. Most of our
remaining native woodlands are highly modified, thus if oak, for example, has consistently been
felled from a woodland then its absence at a site does not indicate site unsuitability, simply
management history. Equally, if many years of grazing have resulted in loss of a ‘key species’, such as
ash (Gray and Stone, Chapter 7), then the current woodland type remaining is also not a true
representation of what that site can support if not limited by heavy grazing. Thus, validation of these
models can only be partial and, as new woodlands develop, new information should be used to
regularly improve our limited understanding and update the models as appropriate. Where published
information does not exist, this type of feedback loop has already led to some important revisions of
detail within the NWM to date.

Validation of the NWM
Our ideal aim for the NWM is to maximise model simplicity without unduly compromising quality.
The model is currently relatively simple, using only two main datasets (soil and land cover). Thus in
the process of development we wished to test whether our approach is sufficiently robust at the
scales for which the model is designed. We outline below the process of examination of other
(climatic) datasets which could be included in the model, and discuss our conclusions from this
exercise in relation to the current model structure.
Little or no research has been done on the definition of climatic limits for any but a few of our native
tree species. The only available estimates of climatic thresholds for different NVC woodland types have
been published by the Forestry Commission as part of the Ecological Site Classification (Pyatt,1995;
Pyatt and Suárez, 1997; Hale et al., 1998). Pioneering work on climate classification in the early 1970s
(Birse and Dry, 1970) considered that annual accumulated temperature (above 5.6 °C) and potential
moisture deficit were the two most fundamental parameters required to classify regional climate. Thus
the accumulated temperature limits (and moisture – see next section) for different tree species as
defined by Pyatt and Suárez (1997) were compared with the NWM predicted woodland categories in
SNH’s Natural Heritage Zones (NHZs) (SNH, 1999) 10–15 (at the 10 km National Grid Intersects) and
on the Island of Rum (at 1 km intersects) (Hester et al., 1999) as shown in Table 5.1.

Table 5.1

Comparison of NWM predicitions (excluding unsuitable land) with accumulated temperature
thresholds for tree growth. NHZ numbers refer to SNH Natural Heritage Zones (SNH, 1999). ESC =
Ecological Site Classification. An indication of the location is also given in parentheses.

Study area

ESC accumulated temperature classification
Optimal

Suitable

Unsuitable

Total

NHZ 14 (Argyll)

23

21

-

44

NHZ 13/15 (Lochaber, Trossachs
and Breadalbane)

26

18

-

44

NHZ 10/11/12 (Cairngorms area)

47

38

2

87

Island of Rum

55

28

-

83

151

105

2

258

Total

52

From the sample results, the NWM predictions compare extremely well with the limits of
accumulated temperature for tree growth, so we concluded that inclusion of accumulated
temperature data would give no significant improvement to the NWM output. This is not unduly
surprising, as different soils require specific temperature and moisture regimes to develop, thus the
soils present in an area directly reflect the biophysical environment in which they are found.
Therefore, when considering the requirements of more demanding species such as oak, they are
predicted by the NWM on soils which themselves are more demanding in terms of the temperature
regime required for them to develop.
We conducted a similar comparison between the NWM and the estimated soil moisture deficit limits
(Pyatt and Suárez, 1997), and found that moisture deficit is not actually a limiting factor for
woodland and scrub growth within the Scottish uplands, and is very unlikely to be limiting even in
the Scottish lowlands. Very little of Scotland has a moisture deficit greater than 100 mm and with
140 mm being the upper threshold for most native woodland types (Pyatt and Suárez, 1997), inclusion
of soil moisture deficit data would give little improvement to the model within Scotland.
The third component of climate which strongly influences woodland growth is exposure. Here we
compared the NWM predictions with the Detailed Aspect Method of Scoring (DAMS), a scoring system
which considers the wind zone, elevation and topographic shelter (Topex) of a site, as well as the effect
of aspect and funnelling of the wind in valleys (Quine and White, 1993). DAMS exposure ratings were
calculated using the Forestry Commission ForestGALES program (Dunham et al., 2000), for a total of
561 grid intersects (both 10 km and 1 km), including those previously assessed for temperature.
Table 5.2 illustrates well the gradual increase in woodland potential as the DAMS score reduces.

Table 5.2

Comparison of NWM predictions with DAMS exposure scores. A score of 22–24 (and above) is
considered to represent the limit of tree growth (Pyatt and Suárez., 1997; Hale et al., 1998).

Increasing exposure

Increasing potential for woodland cover
DAMS
score

Unsuitable
for trees/
scrub

30
29
28
27
26
25
24
23
22
21
20
19
18
17
16
15
14
13
12
11
10
9
8

1

Total

35

Montane
scrub

Peatland
with
scattered
trees and
scrub

Birch with
open
ground

NVC
closed
woodland
types

Total
(number
of grid
intersects)

1

1
2
2
4
2
5
3
8
3

1

2
1

2
2

1
3
2
2
3
5
4
6

3
4
2
6
4
9
4
7
2
2
1
1
3

1
1

32

48

53

1
2
3
5
9
8
18
37
41
24
34
25
16
11
4
1
1

240

1
1
2
2
1
7
17
17
22
23
36
26
26
9
9
5
3

2
2
4
12
12
13
19
29
30
59
62
52
61
49
54
38
34
10
10
5
3

206

561

